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     Os ecossistemas fluviais têm sido severamente afetados pelo 
desenvolvimento e expansão antropogénicos verificados durante o último 
século. Consequentemente, a sua biodiversidade sofreu um declínio 
significativo devido ao aumento das necessidades humanas sobre recursos 
fluviais limitados. A degradação e perda de serviços de ecossistemas, assim 
como as consequências financeiras causadas pelo crescente impacto 
ecológico estão a criar uma necessidade de mudança de atitude por parte 
dos governos e principais intervenientes no que diz respeito às estratégias 
para a gestão e conservação dos ecossistemas fluviais. A construção de 
barragens é considerada como uma das maiores causas de alterações 
ecológicas nestes ecossistemas associada ao desenvolvimento humano. A 
investigação sobre o impacto de barragens em rios tem sido realizada 
essencialmente através de uma perspetiva baseada em alterações 
taxonómicas. Esta abordagem, apesar de informativa, não tem em 
consideração alterações em funções biológicas. Abordagens mais simples 
e alternativas são assim necessárias uma vez que a construção de 
barragens encontra-se em expansão, principalmente em regiões tropicais 
onde a falta de conhecimento sobre a taxonomia e ecologia das espécies 
de peixes constituem um obstáculo à aplicação de medidas de mitigação 
efetivas. A análise baseada em atributos funcionais é promissora, na 
medida em que poderá contribuir para o conhecimento mecanístico das 
respostas biológicas às alterações de habitats, transcende a taxonomia e 
pode ser aplicada numa escala geográfica abrangente.    
       Os peixes são historicamente utilizados como indicadores biológicos de 
qualidade ambiental. São úteis para testar novas formas de abordar o 
impacto das barragens uma vez que as suas respostas às alterações 
antropogénicas estão relativamente bem documentadas e a sua 
sensibilidade para a qualidade do ambiente aquático que os rodeia é 
utilizada como uma das bases da monitorização da degradação ambiental. 
A utilização de atributos biológicos como uma abordagem alternativa à 
análise dos efeitos conjuntos das barragens e das alterações climáticas são 
apresentadas em forma de um artigo de revisão onde são abordados as 
suas principais vantagens sobre os métodos tradicionais baseados em 
métricas taxonómicas, assim como as suas principais limitações. 







     O principal objetivo deste estudo foi analisar o impacto de barragens em 
comunidades de peixes através de métodos taxonómicos e atributos 
biológicos. O desenho experimental considerou dois aspetos fundamentais: 
espacial - criação de um gradiente longitudinal de montante para jusante da 
barragem; e temporal - antes do início de funcionamento da barragem, após 
um curto período de tempo (entre 1 a 5 anos) e a partir dos 5 cinco anos de 
funcionamento.  
      O primeiro caso de estudo foi conduzido no Rio Tocantins, Brasil, onde 
a barragem hidroelétrica de Peixe Angical foi construída e incluiu três partes: 
(i) análise através de métodos taxonómicos que confirmaram as evidências 
observadas em outras barragens Neotropicais de um aumento significativo 
da riqueza específica e abundância no ano imediatamente a seguir ao 
enchimento do reservatório, seguido por um declínio acentuado após 
apenas 5 anos, quando as comunidades apresentaram um nível de 
diversidade inferior ao registado antes do funcionamento da barragem; (ii) 
abordagem alternativa através de descritores simples de organização (ex., 
Curvas de Biomassa e Abundância) que demonstrou um impacto evidente 
na estrutura das comunidades, mostrando-se mais informativos 
relativamente aos indicies de diversidade tradicionais e que assumem uma 
mais-valia em regiões tropicais onde a aplicação de metodologias tracionais 
de biomonitorização são dificultadas pela falta de conhecimento sobre as 
espécies; (iii) análise através de atributos biológicos de peixes que 
demonstrou após 5 anos de funcionamento da barragem que espécies com 
características oportunistas (ex.: não-migratórias; sem cuidados parentais) 
são mais bem-sucedidas em oposição a espécies migratórias, betónicas, 
detritívoras e que apresentam cuidados parentais. Apesar de algumas 
limitações inerentes a esta comunidade de peixes em particular (ex.: falta 
de conhecimento sobre muitos atributos biológicos que possam estar 
relacionados com a sua resposta face à barragem) os resultados obtidos 
demonstram que para além de uma perda de espécies, ocorreu uma 
alteração da estrutura funcional das comunidades de peixes associada às 
alterações antropogénicas. 
        O segundo caso de estudo foi conduzido no Rio Oldman em Alberta, 
Canada, onde foi construída uma barragem para efeitos de irrigação. Os 
resultados demonstraram que integrar as duas perspectivas diferentes 
(taxonómica e funcional) constitui uma vantagem. Planos de 
biomonitorização futuros devem considerar expressamente o gradiente 
longitudinal formado pela presença da barragem. No cenário global são 
fornecidas informações que identificam características específicas que 
devem ser consideradas na avaliação e na biomonitorização de rios 
impactados por barragens através da utilização de comunidades de peixes 
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abstract 
 
      Freshwater ecosystems have been severely affected by the expansion of 
human development in the last century. Freshwater biodiversity is 
consequently in sharp decline due to increased demand over limited water 
resources. Degradation and loss of ecosystem services, as well as financial 
consequences of ecological freshwater problems are creating pressure for a 
change in attitude from governments and stakeholders concerning strategies 
for conservation management. Damming is one of the major causes of 
ecological change in rivers associated with human development. Knowledge 
of their impact on freshwater ecosystems has been mostly described from the 
perspective of taxonomic changes. However, this approach provides little 
information about biological function. Alternative and simpler ways to assess 
the impact of damming are crucial since the constructions of dams are in 
expansion, especially in tropical regions where the lack of taxonomical and 
ecological knowledge about fish species impose an obstacle to effective 
mitigation measures. A trait-based approach holds the promise to increase 
our mechanistic understanding of biological responses to disturbed habitats; 
it transcends taxonomy and it can be applicable across large geographic units.     
Fishes have a history as biological indicators of environmental quality. They 
are useful for testing new approaches as their responses to varied 
anthropogenic disturbances are relatively well documented and their 
sensitivities to the health of surrounding aquatic environments form one of the 
basis to monitor environmental degradation. The usage of fish traits as an 
alternative approach to assess impacted rivers is presented in a critical review 
where their potential advantages over traditionally used methods are 
discussed as well as their challenges.  
      The aim of this study was to assess the impact of damming on fish fauna 
after dam closure using taxonomic and trait-based approaches. The 
experimental design considered both spatial – the longitudinal gradient from 
Upstream to Downstream caused by reservoir formation – and temporal - 
before, after a short time period and after at least five years of dam closure - 
effects of damming in rivers. 
      The first case study was conducted on the Tocantins River in Brazil, where 
the hydroelectric dam Peixe Angical was constructed. It included three parts: 
(i) a first approach using the traditional taxonomic metrics which confirmed the 









abundance immediately after the filling phase and a reduction after only five 
years, when communities contracted to a level of diversity below that 
observed prior to dam closure; (ii) an alternative analysis using simple 
descriptors of community organization (Abundance Biomass Curves and 
Species Abundance Distributions) which showed a clear impact on the 
structure of fish assemblages and were more informative than traditional 
diversity indices; (iii) the application of a species-trait approach which showed 
that after five years of dam closure opportunistic strategies (e.g., non-
migratory; no parental care) appeared to be more successful under the 
changed conditions. Long-distance migratory, benthic, detritivore and species 
with parental care were the most negatively affected. Despite the limitations 
inherent to the study of this particular fish community (e.g., the lack of 
knowledge on specific traits categories that might also mediate the response 
of fish communities to the impact of damming) these results demonstrated that 
beyond a loss of species richness there is a change in the functional structure 
of fish communities associated with anthropogenic disturbance. 
     The second case study was conducted in Oldman River in Alberta, Canada 
where the Oldman River Dam was constructed for irrigation purposes. 
Integrating taxonomic and trait-based approaches was found to be more 
informative in a temporal-spatial context of change. Biomonitoring plans 
should explicitly consider longitudinal spatial gradients created by reservoir 
formation in their implementation and related management actions. Overall, 
information is given to identify specific features that should be considered in 
the assessment and biomonitoring of impacted freshwater systems using fish 
communities for the application of true ecologically oriented river 
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1.1 Freshwater ecosystems: threats and conservation 
 
The world’s rivers and wetlands have been altered by human development 
extensively in the last century and are degrading at an alarming rate, more than 
other ecosystems (Reid et al., 2005). The causes are well known widespread 
threats, including habitat loss and degradation, invasive species, overharvesting, 
damming and pollution (Allan & Flecker, 1993; Dudgeon et al., 2006), whose 
impacts may be altered by climate change, which is predicted to change flow 
regimes to rivers (Bates et al., 2008; Palmer et al., 2009). Degradation and loss of 
ecosystem services for humans, as well as financial consequences of ecological 
freshwater problems such as deteriorating water quality are creating pressure for a 
change in attitude from governments and stakeholders concerning strategies for 
conservation management. These threats are necessarily associated with water-
management objectives for human requirements, often the cause of degradation 
(Kingsford et al., 2011). 
Although other threats to freshwater ecosystems can be substantial, 
modification of flow regimes remains the most widespread problem for rivers and 
damming is one of the major causes of flow regime modification associated with 
human development (Bunn & Arthington, 2002; Lamouroux et al., 2002; Webb et 
al., 2013). Dams have greatly contributed to the increase of habitat alteration and 
lower the diversity of structural features preferred by fish and other aquatic 
organisms, which is translated into biodiversity losses (Webb et al., 2013). 
Given the current scenario of deleterious effects of human activities in 
freshwater ecosystems and their underlying ecological value, the assessment, 
protection and restoration of the integrity of these systems is increasingly becoming 
a priority. Karr (1999), defined stream integrity as the preservation of a “balanced, 
integrated, adaptive system having the full range of elements (genes, species, 
assemblages) and processes (mutation, demography, biotic interactions, 
nutrient and energy dynamics, metapopulation processes) expected in areas 
with minimal influence from modern human society”. The maintenance of this ideal 
condition requires, therefore, the restoration of balance in the costly ecological 
trade-offs associated with human exploitation of freshwater ecosystems which 
 include urgent demands for comprehensive methodological approaches to evaluate 
the actual state of these ecosystems and to monitor their rate of changes (Li et al., 
2010). 
 
Dams – A global perspective 
 
Historically, dams, and the water reservoirs they create, have been viewed as 
a benefit to society, providing hydroelectric power, navigable waterways, flood 
control, agricultural irrigation, recreation and water supply during times of drought 
(Baxter, 1977; Nilsson et al., 2005). It is now estimated that dams, interbasin 
transfers, and water withdrawals for irrigation have fragmented 60% of the world’s 
largest rivers (World Commission on Dams, 2000). From a global perspective, 
regions where climatic constrains such as seasonal lack of water (arid and semi-
arid areas), or growing flooding periods (Arctic and Australia) are more pronounced 
have a greater number of large reservoirs (Lehner et al., 2011; Figure 1.1). This is 
also true for developing economies where population is exponentially increasing and 
water demand is a growing concern (e.g., South American countries, India and 
China). During the 20th century, large dams emerged as one of the most significant 
and visible tools for the management of water resources. It is now estimated that 
more than 45000 large dams (>15 m high) have been built around the world (World 
Commission on Dams, 2000). Current estimates suggest that some 30-40% of 
irrigated land worldwide now rely on dams and they generate roughly 19% of world’s 







Figure 1.1 - Global distribution (by country) of large reservoirs in GRanD database (Adapted from 
Lehner et al., 2011). 
Liermann et al. (2012), in a global study refers dams as one of the strongest 
threats to freshwater biodiversity. They have demonstrated that nearly 50% of the 
freshwater ecoregions are obstructed by large and medium size dams and 
approximately 27% face additional downstream obstruction. 
Ecological consequences of damming are especially alarming for tropical 
regions where many large rivers have been modified to some extent by large 
hydroelectric dams (Araújo & Marques, 2013) and yet, the construction of many 
more are predicted (Marques et al., 2009). Although recent work has provided 
important understanding to the phenomena of regulation in tropical rivers from the 
perspective of taxonomic changes in species composition and diversity (Agostinho 
et al., 2004; Petesse & Petrere, 2012), the lack of basic, descriptive knowledge 
provides a major obstacle to strategies of impact mitigation.  
 
1.2 Assessing the effects of dams using fish  
 
The aims of conservation management are either to maintain the status quo 
or to manipulate the system to achieve some predefined target by modifying the 
processes that are fundamental to ecosystem structure and functioning (Legg & 
 Nagy, 2006). Following the assumption that measurement of the condition of the 
biota can be used to assess the condition of an ecosystem (Herricks & Cairns, 
1982), environmental decision-making is now highly dependent on the systematic 
use of biological responses to evaluate changes in the environment with the intent 
to use this information in a quality control program – or biomonitoring (Matthews et 
al., 1982). 
The role of fish as biological indicators has been explicitly mentioned in the 
legislation about water resources and aquatic environments, not only in the 
European Union and USA, but also in other countries (European Commission, 1992; 
European Union, 2000; Kurtz et al., 2001). Here, legislations focus on the need for 
an improvement in environmental quality, as well as for the assessment of 
ecological integrity as key tools for conservation, restoration and management 
activities (Ziglio et al., 2006). Fishes ecological responses to habitat alteration are 
well known and they are widely used to monitor environmental degradation (Fausch 
et al., 1990).  
 
1.1.1 Traditional approach 
 
Methods developed over the past decades for assessing stream integrity using 
aquatic fish communities are diverse and span from the usage of relatively simple 
biotic indices, to multimeric approaches that combine several of those indices or 
even to relatively complex multivariate approaches that aim to recognize and predict 
patterns of non-disturbed systems (Li et al., 2010). Traditional methods have 
incorporated the taxonomic composition of communities as an indicator of ecological 
change (Culp et al., 2011).  It usually applies diversity indices developed to describe 
responses of a community to environmental variation, combining three components 
of community structure: richness (number of species present), evenness (uniformity 
in the distribution of individuals among the species) and abundance (total number 
of individuals present; e.g., Shannon entropy, Simpson Index, Margalef Index; Li et 
al., 2010). These indices are based on the premise that undisturbed environments 
are characterized by high richness and even distribution of individuals among the 
species (Li et al., 2010). 
21 
 
1.1.2 Multimetric indices 
 
Over the last decades, a variety of fish-based biotic indices have been widely 
used to assess river quality, and the use of multimetric indices, inspired by the index 
of biotic integrity (IBI; Karr, 1981), has grown rapidly (Barbour et al., 1999). The 
original version of the IBI includes twelve assemblage attributes that are compared 
to values expected for an unperturbed stream of the same size in the same 
ecoregion (Barbour et al., 1999). The assemblage attributes can be grouped into 
three main categories, i.e., species richness and assemblage composition; trophic 
composition and fish abundance and condition. 
 The IBI has become a flexible conceptual framework which can be adapted 
on a regional scale and its original version has been modified in order to preserve 
its rationale, independently of the ecoregion in which it is applied (Ziglio et al., 2006). 
Jennings et al. (1995), proposed an adaptation of the IBI for assessing reservoirs – 
the Reservoir Fish Assemblage Index (RFAI) and excluded the term biotic integrity 
due to the absence of natural reference conditions in these systems. More recently, 
Terra & Araújo (2011), adapted the RFAI for the transition river-reservoir, the 
preliminary RRAFAI, which might enable environmental managers to assess the 
impact of reservoir. 
 Despite the sound ecological principles in which IBI indices are based, their 
application has received some criticism (e.g., by Suter, 1993). Namely, the fact that 
the IBI relies on biotic attributes that require detailed historical and ecological 
information which is often not available, especially in development countries. A 
particular problem is dealing with attributes involving proportions of fish species or 
functional groups, as little reference (e.g., pre-impact) information on them is usually 
available (Ziglio et al., 2006). Also, naturally high disturbance regimes, to which fish 
are adapted, may affect the ability of the IBI to evaluate ecological quality, especially 
because there are several anthropogenic changes that may actually mimic these 
natural disturbance regimes like droughts and flash floods.Therefore, alternate 
solutions should also be considered, such as those based on community analysis, 
in order to assess ecological quality by comparing fish assemblage composition in 
a set of different sites and time periods. 
  
1.1.3 Trait-based approach 
 
It is generally recognized that adequate characterization of ecosystems 
requires information on both structure (pattern) and function (process; Li et al., 
2010). Consequently, despite the fact that assemblage structure and composition 
has been successfully used in studies of anthropogenic impacts in aquatic 
ecosystem, using an approach based on multiple biological traits (e.g., size, body 
form, life cycle, food and feeding habits, reproduction) allows a view of the 
community that exceeds mere structure (taxa richness and abundance). This view 
is based on the concept of the habitat template (Southwood, 1977), in which 
organisms have inherent traits for survival (e.g., habitat preference and life-history 
characteristics) and consequently, in the face of environmental change, species that 
display similar niches with respect to multiple environmental factors and similar 
traits, behave similarly (Henle et al., 2004). This approach will be discussed in more 
detail in the following section and in Chapter 2. 
The use of species traits in basic and applied ecology is expanding rapidly 
because trait-based approaches hold the promise to increase our mechanistic 
understanding of biological responses and they can be applicable across large 
geographic units (Verberk et al., 2013). After stressor exposure, traits distribution at 
the impacted site is predicted to shift relative to the reference site (Culp et al., 2011). 
Consequently, traits that impart resistance or resilience to the stressor are 
conserved in a population which may allow biomonitoring approaches to yield 
mechanistic understanding rather than our current ability to observe only that 
ecological change has occurred (Culp et al., 2011). 
 
1.3 Conceptual framework of the study 
 
The consequences of damming are known to be detrimental to freshwater 
ecosystems, especially fish (Bunn & Arthington, 2002; Agostinho et al., 2004, 2008; 
Suzuki et al., 2009; Poff & Zimmerman, 2010; Webb et al., 2013). Although the 
investigation of dams’ impact on freshwater ecosystems has become a major issue 
23 
 
in river ecology, study efforts have focused mainly on applying a traditional approach 
to assess the consequences for fish fauna and much of the work and mitigation 
measures carried out have target mostly European and North American river 
systems. The main goal of this work was to assess the impact of damming in fish 
fauna from a Neotropical river in the Amazon basin and from a cold region river from 
Canada after dam closure using traditional and non-traditional approaches. The 
specific objectives were: 
 
1. Analyze how fish assemblages from the Neotropical river were affected in the 
short-term by focusing on two distinct time periods: one year and five years 
after dam closure using traditional assessment approaches; 
2. Asses the changes observed in spatial-temporal context; 
3. Find alternative and simpler ways to measure these impacts that reflect the 
limitation in knowledge from the Neotropical rivers; 
4. Investigate how damming influences the functional structure of fish 
communities using a trait-based approach in the Neotropical river; 
5. Investigate the impact of damming in the short term (less than 5 years of dam 
closure) and longer term (more than 5 years after) in a northern cold region 
river integrating both the taxonomic and functional approaches. 
 
This thesis is organized in seven chapters: (1) a general introduction, exploring 
the main concepts related to the subject of this thesis; (2) a chapter with a critical 
review about the use of fish traits to assess impacted rivers: “Fish traits as an 
alternative tool for the assessment of impacted rivers”; (3) a chapter named: “The 
rise and fall of fish diversity in a Neotropical river after impoundment”,  where the 
response of fish assemblages to the construction of a run-of-the-river dam in an 
Amazonian river was assessed based on traditional taxonomic analysis; (4) a 
chapter where non-traditional approaches to measure the same impacts on the 
structure of fish assemblages were applied and is entitled: "Alternative ways to 
measure the impact of dam closure on the structure of fish communities of a 
Neotropical river"; (5) a chapter named “Using a trait-based approach to measure 
the impact of dam closure on fish communities of a Neotropical river” where  the 
 response of fish communities was assessed using traits; (6) a chapter where both 
taxonomic and trait-based approaches were integrated to assess the impact of 
damming in fish assemblages from a cold climatic region named: “Integrating 
taxonomic and trait analyses to assess the impact of damming on fish communities 
in a northern cold region river”; (7) a concluding remarks chapter, summarizing the 
main findings. All the references used are listed at the end of the respective chapter 
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The current scenario of worldwide exponential increase in river impoundment 
(dams) and the compounded effects of climate change are among the most 
important threats to freshwater ecosystems. The sharp decline in the biodiversity of 
impacted rivers demands the enhancement of available tools for biomonitoring and 
improved approaches for informing environmental decision-making. Here we 
demonstrate examples of how fish trait analyses could be used to assess and 
predict the response of fish communities to damming and how this approach has 
potential advantages over traditionally used methods by linking suits of traits to 
stressor effects through plausible cause and effect mechanisms. The advantages 
of using a trait-based analysis include the fact that it transcends taxonomy, can be 
applied across broad spatial scales and be easily integrated into current assessment 
programs. Therefore, it might be a promising tool for biomonitoring freshwater 
ecosystems. The application of this approach has yet some challenges do be 
surpassed namely the lack of universality by trait–habitat links; the availability, 
consistency, and applicability of existing trait data; low discriminatory power and 
poor mechanistic understanding. Adaptive river management can benefit from this 
approach by sustainably operating dams in the light of knowledge on how the 
functional structure of fish communities are altered, thus enabling essential habitats 
for fish to be maintained. 
 




Riverine ecosystems have been altered by human development extensively in 
the last century (Nilsson et al., 2005; Ferrier & Jenkins 2009; Woodward et al., 
2010). As a result, freshwater biodiversity is in sharp decline arising from increased 
human demands on limited water resources (Dudgeon et al., 2006; Moss et al., 
2009; Kingsford et al., 2011). While growing human demands on water resources 
are placing increasing stress on freshwater systems, the corresponding 
 development and implementation of appropriate adaptive water management 
policies and programs have received limited attention (Walters, 1997; Ferrier & 
Jenkins, 2009). The impoundment or damming of lotic ecosystems is one of the 
major causes of ecological change in freshwaters associated with human 
development (Bunn & Arthington, 2002; Poff & Zimmerman, 2010; Webb et al., 
2013).  
A wide range of studies have shown that dams cause considerable ecological 
damage by creating, for example, impassable barriers to fish migrations, cause both 
habitat and water quality degradation, and through storage and altered discharge 
regimes, reduce the seasonality and variability of instream flows (e.g., Poff et al., 
2007; Olden & Naiman, 2010; Liermann et al., 2012).  The alteration of the natural 
flow regime is considered to be a major cause of ecological change in freshwater 
systems (Bunn & Arthington, 2002; Poff & Zimmerman, 2010).  Increasing evidence 
also indicates the negative ecological effects of riverine impoundments is also likely 
to be exacerbated by climate variability and change (Vorosmarty, 2000; Chu et al. 
2005; Moss et al., 2009; Palmer et al., 2009). Temperature, precipitation and runoff 
patterns are expected to be altered, consequently affecting water dynamics in 
already impacted rivers (Kundzewicz et al., 2007). For example, in the Arctic, 
climate warming has increased the effects of dams by contributing to thinner ice 
cover and weaker spring flows, greatly decreasing the incidence of ice jams, and 
leading to the changes in the community structure or loss of periodic inundation-
dependent species (Schindler, 2001; Wrona et al., 2006; Prowse et al., 2006b; 
Prowse et al., 2009; Prowse et al., 2012). Moreover, the distribution and migration 
of rare species and cold water fish are likely to be even more limited by warming 
and the low availability of water caused by climate change and the barriers imposed 
by impoundments (Chu et al., 2005). These conditions also favor the survival of non-
native species worldwide that can lead to the loss of local endemic populations. 
Overall, impoundments and other anthropogenic stressors have reduced the ability 
of rivers to adjust to environmental disturbances that will be exasperated by 





Given the scenario of increased water demand, climate change and increasing 
anthropogenic and environmental stressors arising from the development and use 
of river basins, improved bioassessment approaches need to be developed to better 
monitor, evaluate and predict how species assemblages will adapt or cope with the 
cumulative effects of environmental change.  
Bioassessment examines the state of the biological community of rivers and 
streams by using essentially taxonomic metrics (i.e., species richness, abundance 
and biological indexes; Barbour et al., 1999). It is applied in conjunction with other 
factors such as water quality, in-stream habitat, stream flows and riparian condition 
to assess the overall health of aquatic ecosystems. A potentially valuable 
bioassessment approach that could be used to better inform management decisions 
addressing the conservation and protection of aquatic life involves the analysis of 
species biological traits. The functional relationship between species biological traits 
and environmental stressors have been explored previously (Statzner et al., 2001). 
Nevertheless, the application of trait-based approaches has evolved over time, the 
focus changing from simple descriptions of general life-history tactics and related 
evolutionary mechanisms to more detailed analyses of habitat pressures that 
determine the patterns of associated species traits (Menezes et al., 2010). 
Examples of the trait-based approaches include: the prediction of fish distributions 
and invasion success in relation to hydrologic alterations from impoundments 
(Olden et al., 2006); the prediction of fish reproductive success (Craven et al., 2010); 
and the application in managing impacted rivers by introduced species (García-
Berthou, 2007). Certain biological traits can also be used as predictive measures of 
community functional diversity (Petchey & Gaston, 2006; Menezes et al., 2010). 
The extensive research assessing the effects of dams on riverine systems 
have mostly often used fish along with macroinvertebrate communities to assess 
the ecological consequences of damming (Menezes et al., 2010; Liermann et al., 
2012). Fish are probably more diverse at all taxonomic levels and have more 
species than all other groups of vertebrates (Nelson, 1994). The functional role fish 
have in freshwater systems is often coupled tightly to trophic cascades (Hargrave, 
2009), ecosystem connectivity and resource subsidies (e.g., migration of pacific 
salmon; Schindler et al., 2003). Additionally, fish constitute one of the most valuable 
 wild foods and recreation sources provided by freshwater ecosystems. 
Consequently, an analysis of the changes in patterns of biological traits in fish 
communities in response to environmental stressors such dams may provide 
insights into how fish species are coping with or adapting to altered environmental 
conditions. Fish are well-suited for such analysis since populations are usually 
isolated in watersheds where they have adapted to their environment (Lamouroux 
et al., 2002), the behavior of individual fish is influenced by local habitat 
characteristics (Helfman et al., 2009), and their biological traits are relatively well 
documented (Doledec et al., 1999).  
Studies utilizing trait-based approaches to assess aquatic community 
response to river impoundment are rare and their application to establishing 
instream ecological flow relationships is largely untested (Mims & Olden, 2013). 
Also, knowledge on the flow requirements for the maintenance of fish communities 
that are resistant and resilient to environmental stressors and related perturbations 
is limited (Bunn & Arthington, 2002).   
In this paper we show how a species trait-based approach can be useful in 
predicting fish community responses to direct and indirect environmental stressors 
and perturbations, such as river impoundments and climate change. We use data 
sets from different hydroclimatic regimes to demonstrate how this approach might 
be an effective biomonitoring tool. 
 
2.2 Climate change and dams – Compounding environmental effects 
 
Climate change brings uncertainties, meaning that historic return frequencies 
of extreme hydrological and weather conditions can no longer be relied on in water 
management. The past is no longer the key to the future (Milly et al., 2008). Also, it 
may compound the negative impact of river impoundments and related flow 
regulation on freshwater communities. Palmer et al. (2009), suggest that within 50 
years, river basins that are impacted by dams or by extensive development will 
experience greater changes in discharge and water stress than unimpacted, free-
flowing rivers.  
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Some of the effects in hydrological processes related to climate change are 
expected to result from the reduction of stream flows (e.g., projected to be more 
pronounced in Temperate areas), changes in the amount and form of winter 
precipitation and the timing of snowmelt (e.g., Northern areas), intensification of 
hydrological fluxes as a result of the increase in atmospheric temperature and 
moisture (e.g., Tropical areas) and increases in the magnitude or frequency of 
extreme events (flood and droughts; IPCC, 2007). Additionally, rivers already 
impacted by anthropogenic stressors are likely to be less resistant (i.e., able to 
withstand change) and resilient (i.e., able to recover from change) than free-flowing 
systems once the ability to absorb disturbances through dynamic movements and 
flow adjustments, is severely limited (Palmer et al., 2009). For example, in regions 
expected to experience increased precipitation or early snowmelt in addition to rain, 
flooding problems may increase (Palmer et al., 2009). Higher flows may lead to 
unusually high releases of water into downstream areas of dammed rivers. In 
contrast, in areas where less precipitation and higher temperatures are expected, 
drawdown of reservoirs may occur, with less water available to sustain 
environmental flows in the downstream rivers (Palmer et al., 2009).  
Compounding interactions between climate change and anthropogenic 
modification to rivers are difficult to predict because of the multiplicity of human 
impacts and the need for long-term integrated monitoring and research studies 
(Daufresne et al., 2004). Table 2.1 provides examples of the potential impacts of 
climate change and their effect on river flow and possible interactive impacts with 
the presence of dams under different climates. Dams and climate change are 
considered disturbances to the river ecosystem, where disturbance, as defined by 
Lake (2000), occurs when potentially damaging forces are applied to habitat space 
occupied by a population, community or ecosystem. Hydropower schemes could be 
defined as press disturbances (Bender et al., 1984) which arise sharply and then 
reach a constant level that is maintained usually at a constant level. Such press 
disturbance causes taxa richness and abundance of species to be permanently 
changed. In contrast climate warming is referred to as a ramp disturbance (Lake, 
2000), which may steadily increase in time without an endpoint (and often 
 simultaneously in spatial scale), resulting in gradual changes in biological 
community structure. 
In a meta-analysis study of French temperate rivers Daufresne & Boët (2007), 
showed that species composition, diversity, global abundance and size structure of 
fish communities exhibited important trends related to water warming in large rivers. 
These changes were mostly linked to temperature effects during reproductive 
periods. When hydropower schemes were also considered, the resulting effects of 
nonclimatic anthropogenic disturbances and climate change on fish communities 
was generally additive. In the tropics, Freitas et al. (2012), suggested that despite 
of the scarcity of data on the basic ecology of Amazon species, the available 
information could be used to project the combined effects of climate change and the 
presence of dams. A decrease in precipitation during the dry season is probably the 
most severe effect of climate change for fish community in tropical areas (IPCC, 
2007). The reduction in the aquatic habitat area like floodplains can push resident 
species to their limit and cause local extinctions (Humphries & Baldwin, 2003). Also, 
an increase in the temperature regimes arising from climate change can further 
exacerbate hypoxic or anoxic conditions naturally observed in some lentic habitats 
like reservoirs (Freitas et al., 2012).
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Table 2.1 - Potential effects of climate change, their consequences on river flow and possible combined effects for of both on organisms in determined 
areas under different climates. 
Climate type Effects of Climate Change Changes in stream flow 
Possible compound impacts of 
Climate Change and Dams 
Example Area Reference 
Arctic/Subarctic 
Early snowmelt and greater 
intensity of rainfall 
 
Decline of magnitude and 
frequency of high flows and 
increase of low flows 
resulting in the flattening the 
annual hydrograph 
 
Species life histories temporally out of 
synch with flow regime; Shift in the 
ecological behavior of migratory fish; 




Cunjak, 1996; Prowse et 




Higher temperatures and 
decreases in average rainfall 
with a particularly marked 
decline in the summer 
Reduced stream flow and 
increased probability of 
intermittent flow in smaller 
streams; Increase in water 
temperature 
 
Decrease in water availability to 
sustain environmental flows in 
downstream rivers and critical habitat 
for current-dependent (rheophilic) 
species; Population declines and  
restricted  distributions of native 






Alcamo et al., 2007 
 
Temperate 
Higher temperatures and 
greater intensity of rainfall 
during winter 
Higher flows and suspended 
sediment and bedload 
transport during winter; 
Increase in water 
temperature 
 
Reduction in spawning areas for 
lithophilic species; Optimum habitat 
shift northwards toward colder waters 
optimum for most species; Adverse 
effects for winter-spawning species; 





Daufresne & Boët, 2007; 






Higher temperature and 
moisture; Increase in the 
intensity of precipitation and 
drought events 
 
Changes in timing and  
duration of floodplain 
inundation; Increase in rates 
of soil erosion and sediment 




Fish kills due to thermal stress and 
oxygen depletion caused by 
intensification of water column 
stratification; Reduced spawning and 
feeding habitats; Recruitment 
bottleneck caused by the loss of 
juveniles entrained in off channel 
areas and desiccation of eggs 
exposed by receding water levels 
 
South America 
Ficke et al., 2007; Bates 
et al., 2008; Hamilton et 
al., 2010 
 
 2.3 A trait-based approach to dams’ impacts on fish  
 
Goldstein & Meador (2005), define traits as ecological, life-history, 
morphological, physiological, and behavioral expressions of species’ adaptations to 
their environment. Based on habitat template theories (Southwood, 1977; Poff & 
Ward, 1990; Townsend & Hildrew, 1994) and the filtering hypothesis (Poff et al., 
1997), it is assumed that in the face of environmental change, species that display 
similar niches with respect to multiple environmental factors and similar traits, 
behave similarly (Henle et al., 2004). Recently, advances in the application of 
species traits to assess the functional structure of communities have provided an 
alternative approach to assess the consequences of multiple disturbances (Mouchet 
et al., 2013).  
In commonly used biomonitoring processes, changes in population and 
community metrics (e.g., taxonomic composition, species richness, and abundance 
measures) are used as indicators of ecological change. However, using such 
taxonomic-based approaches provide only limited inference regarding the 
responsible ecological mechanisms producing the observed change.  Early studies 
of the impact of dams was examined mainly in the local context (Nilsson & Berggren, 
2000). Recently, studies include the entire drainage basin in a more comprehensive 
level, which demonstrates the importance of tributary-main stem and upstream-
downstream connections (Wohl, 2012). Here, a trait-based approach assumes an 
important role as it transcends taxonomy and is a consistent descriptor or metrics 
across broad spatial scales. Based on Southwood’s (1977), habitat template, 
organisms exhibit optima characteristics for survival in natural conditions (e.g., 
habitat preference and life-history). After stress exposure (e.g., damming), traits 
distribution is predicted to shift relative to reference sites, indicating causal 
mechanisms and the ones related to resistance or resilience to the stressor are 
conserved (Culp et al., 2011).  The current tools available for the assessment of 
negative anthropogenic impacts are generally not applicable across large 
geographic scales as they were developed to regional or national characteristics of 
the aquatic biota (Gayraud et al., 2003). 
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Generally, changes in the hydrological cycle created by dams appear strongly 
associated to the life-history strategies (Mims & Olden, 2013), thermal preference 
(Olden & Naiman, 2010) and migratory behavior (Pelicice et al., 2014) of fish. 
Rheophilic, current-dependent fish species tend to disappear (Aarts et al., 2004), as 
well as migratory species due to the barrier imposed by the dam. Flow releases from 
dams play an important role in downstream water temperatures. King et al. (1998), 
found that differences in the temperatures of the water release were the key factor 
related to spawning success. Specifically, warm epilimnetic releases triggered fish 
spawning behavior and the movement of individuals onto spawning beds, whereas 
cool hypolimnetic baseflows caused fish to abort spawning activities. In cool water 
systems affected by epilimnetic-release dams, streams may not be able to dissipate 
added heat during the summer and downstream water temperatures may continue 
to warm due to normal stream processes (Olden & Naiman, 2010). Angilletta et al. 
(2008), hypothesized that warmer temperatures during the autumn and winter below 
Lost Creek Dam (Rogue River, U.S.A.) may indirectly inﬂuence the ﬁtness of 
Chinook salmon (Oncorhynchus tshawytscha) by accelerating the development of 
embryos, leading to earlier timing of emergence, which could lead to mortality from 
high ﬂow events, elevated predation or insufficient resources. In large tropical rivers 
of Brazil, hydroelectric dams in the Amazon basin have halted the long distance 
upstream migration of several species of catfishes and interrupted the downstream 
migration of their larvae (Agostinho et al., 2008). The recruitment successes of 
migratory species can be further imperiled from the lack of access to spawning areas 
(upstream stretches in the main channel and tributaries) and nursery habitats 
(flooded areas downstream; Agostinho et al., 2004). 
The relationships among environmental stressors and observed 
biological/ecological traits in fish communities in rivers containing in-stream dams 
appear to be strongly related to flow parameters (Poff & Allan, 1995), and this 
premise often underlays related mitigation and restoration measures. However, the 
explicit causal linkages between changes in flow parameters and the associated set 
of biological/ecological traits remain unclear and yet largely untested. Mims and 
Olden (2012), have linked the three dimensions of flow (variability, predictability and 
seasonality) to the life history characteristics of fish communities from free-flowing 
 rivers of the United States, which are largely predicted by Winemiller and Rose’s 
trilateral continuum model. The model provides descriptions of the characteristic 
biological and habitat environmental attributes associated with fish strategies (i) 
periodic strategists are large-bodied fishes with late maturation, high fecundity per 
spawning event, low juvenile survivorship (i.e., no parental care), and that typically 
inhabit seasonal, periodically suitable environments; (ii) opportunistic strategists are 
small-bodied fishes with early maturation, low fecundity per spawning event, and 
low juvenile survivorship, and that typically inhabit highly disturbed and 
unpredictable environments; (iii) equilibrium strategists are small- to medium-bodied 
fishes with moderate maturation age, low fecundity per spawning event, and high 
juvenile survivorship (i.e., greater parental care), and that typically inhabit constant 
environments (Winemiller & Rose, 1992). This model was envisioned to have strong 
implications for understanding and predicting fish population responses to changing 
environments as it can be interpreted as being adaptive with respect to the relative 
intensity and predictability of temporal and spatial variation in abiotic environmental 
conditions, food availability, and predation pressure (Winemiller, 2005).  Mims & 
Olden (2012), showed that life history composition of freshwater fish assemblages 
that are built over millennia upon particular habitat templates are significantly altered 
downstream of dams in the order of a few decades across the United States. 
Moreover the observed changes are directional and indicate a filtering (selection) 
by dams for certain life history strategies (i.e., equilibrium strategists) and against 
other (i.e., opportunists; Mims & Olden, 2013).  
Pont et al. (2006), used fish traits to assess river biotic condition at a 
continental scale in Europe. They have demonstrated that the use of functional 
metrics based on biological attributes of species instead of metrics based on species 
themselves reduced the index sensitivity to the variability of fish fauna across 
different biogeographical areas and could be used to detect changes in impacted 
rivers. They were able to confirm that despite variability in species composition 
between river units, specific traits consistently decreased in response to human 
disturbance across Europe as a whole, demonstrating that these metrics are truly 
functional ones. Looy et al. (2014), have shown that responses in fish communities 
are strongest for functional trait metrics for dam’s effects in Loire River Basin. 
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Specifically, they demonstrated that the number of rheophilic and lithophilic species 
responds both to disconnection and local habitat degradation caused by dams. 
McManamay et al. (2015), using fish traits (i.e., life history strategies and spawning 
characteristics) developed an association between hydrologic classification and fish 
traits (Figure 2.1) to form a template for generating flow–ecology hypotheses and 
supporting environmental flow standard development. Their results developed 
linkages between the uniqueness of hydrologic character and ecological distinction 
among classes, which may translate into predictions between losses in hydrologic 
uniqueness and ecological community response. Mechanistic associations among 
fish traits and hydrologic classes support the presumption that environmental flow 
standards should be developed uniquely for stream classes and ecological 
communities, therein (McManamay et al., 2015). 
Attempting to link biotic patterns and environmental conditions may improve 
bioassessment since considering species loss alone might not be enough to infer 
the real consequence of disturbance (Dornelas et al., 2014). With a trait-based 
approach, greater sensitivity is achieved because an assemblage’s trait composition 
(e.g., sub-lethal changes and shifts in body size, age structure, or reproduction that 
occur without or prior to a loss of taxa) may indicate substantive environmental 
change before its taxonomic composition does (Culp et al., 2011). 
 
  
Figure 2.1 - Parameters used in the development of a predictive linkage between the hydrologic 
classification and fish traits (top). Box and whisker plots of distributions of traits (proportion of periodic 
species, left, and serial spawning index, right) within hydrologic classes. Hydrologic classes were 
sorted from high runoff to highly intermittent. Periodic strategists were associated with stable, 
predictable flow, whereas Opportunistic strategists (and Serial spawners) were more affiliated with 
intermittent, variable flows. Modified from McManamay et al. (2015). 
 
2.4 Current challenges of trait-based approaches 
 
We have focused on the advantages of the application a trait-based approach 
over the traditional biomonitoring methods and on its potential to be used as a 
predictive tool in the adaptive management of impacted rivers. However, trait-based 
analyses have inherent problems that are not always present with taxonomy-based 
approaches (Pyron & Beugly, 2011). Some authors argue that information might be 
lost by grouping species into discrete classes of traits (Wright et al., 2006) and that 
shifts (ontogenetic and temporal) may occur in trophic ecology and habitat use of 
fishes (Hoeinghaus et al., 2007). Other limitations include the availability, 
consistency, and applicability of existing trait data (Culp et al., 2011), and this is 
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especially true for tropical riverine systems which are naturally rich and diverse in 
species, but very limited trait-based information has been obtained.  
Verberk et al. (2013), in a comprehensive overview of the virtues and 
constraints of applying trait-based approaches as predictive indicators of 
environmental change highlight two main shortcoming: low discriminatory power 
and a poor mechanistic understanding of causal effects (i.e., trait-environment 
relationships are difficult to determine and quantify). These results have been 
related to the lack of knowledge regarding which traits are most important, the failure 
to take into account linkages and interactions among traits and the functional 
equivalence of alternative suites or combinations of traits. Moreover, constraints in 
application of trait-based approaches go beyond methodological limitations, but are 
also related to evolutionary factors (i.e., selection has led to sets of traits that work 
well together (spin-offs), traits do not exclude each other or render each other 
irrelevant (trade-offs)). Hence species traits have developed in response to 
evolutionary selection pressures as an integrated suite of characteristics that implies 
a better fitness and their adaptive value is context dependent (Verberk et al., 2013). 
The current challenge is, therefore, to work on an integrative hierarchical framework 
in which trait interactions, combinations and context dependence are considered. 
 
2.5 Management option and applications 
 
In general first and second order ecological impacts resulting from climate 
change are expected to be detrimental to impounded rivers. Hence there is a need 
for the development and implementation of improved integrated monitoring and 
assessment approaches that can be used to predict possible impacts on fish 
communities and better inform adaptive management options for the operations of 
dams.  Opportunities, constraints and goals for dam operation are region and site-
specific and are strongly influenced by the main operating purpose(s) of the dam 
(e.g., flood mitigation, production of hydropower, water supply; Richter et al., 2006). 
Species can be grouped based on the set of traits which shows their resilience and 
resistance to the new habitats created by dam construction and this information can 
be used further to develop adaptive management options.  
 Assuming that the flow regime is a primary environmental factor that structures 
freshwater fish communities, a trait-based approach to the impacts of damming on 
fish communities can be directed to inform adaptive flow delivery strategies under 
different climate scenarios. For example, implementing environmental flow releases 
to mitigate altered hydrologic regimes downstream from hydropower dams have to 
take into account the dependency of rheophilic species and other specifications 
such as access to reproductive habitats which usually are fragmented due to 
impoundment as well as species critical temperature tolerances and thermal optima 
(Olden & Naiman, 2010). The connection to floodplains also has to be considered, 
especially in tropical and sub-tropical areas. In this case, for most species, 
reproduction will only be successful if water remains ponded on floodplains for 
periods sufficient for development, and if floodplain connections are maintained at 
least periodically to permit fish larvae to return to the river.  
Baumgartner et al. (2014), highlighted a key question concerning 
environmental flow delivery and the use of trait-based approaches: how do we meet 
the flow requirements of many species? In a case study in a semi-arid riverine 
system in Australia, the same authors have assigned native fish to four groups 
based on their biological similarity – a combination of traits allows better 
interpretation of their adaptive value within an environmental context. Reproductive 
and migratory behaviors were used to generate optimal flow release strategies for 
each group and later, life expectancy and hydrological constraints were used to 
develop a flow delivery program that could generate ecological outcomes within a 
strategic adaptive management framework that considered potential impacts on 




Dams and climate change are likely to constitute the most significant threats 
to freshwater fish around the world, and their detrimental effect appear to be 
compounding. Both threats include the alteration of the natural river flow through 
changes in the timing of the flood pulse and the intensity and frequency of floods 
and droughts. The cumulative impacts of these changes on the fish fauna and 
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fisheries are still largely unpredictable at both the species and ecosystem level 
(Freitas et al., 2012). The ability to predict the response of fish communities to river 
anthropogenic disturbance has very important implications for freshwater 
conservation. New management options may be possible if we are able to foresee 
which environmental variables modified by impoundment are key predictors of fish 
community patterns (Lamouroux et al., 2002). A trait-based approach which 
transcends taxonomic-based evaluations, can be used across broad spatial scales, 
offers the link to species functional ecology and provides an improved mechanistic 
understanding rather than our current ability to observe only that ecological change 
has occurred (Culp et al., 2011). Furthermore, a trait-based approach can indicate 
a direct ecosystem-functioning consequence or flow alteration by impoundment and 
should be a decisive step in adaptive river management application.  
Despite some limitation and challenges to be surpassed (e.g., low 
discriminatory power and poor mechanistic understanding), this approach appears 
promising to the more effective implementation of management measures by 
determining the set of traits that are responsible for ecological resilience and 
resistance and how they are related to functional reinforcement across scales and 
different climates. By sustainably operating dams in the light of this acquired 
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In contrast to the fast-paced dam construction and river ecosystem alteration 
which is taking place in the Neotropics, ecological knowledge about the effects on 
fish fauna is still scarce.  To contribute with knowledge on the effects of damming 
on fish fauna, we assessed the response of fish assemblages to the construction of 
a run-of-the-river dam in an Amazonian river by selecting eight sampling sites along 
a longitudinal gradient in the vicinity of a new hydroelectric dam. Sites were sampled 
monthly through a one year period before dam closure (2004-2005), one year after 
closure (2006-2007) and five years after closure (2011-2012). Following dam 
closure there was an initial overall increase in fish abundance and richness across 
sites. However, despite the initial upsurge, after five years populations were reduced 
and communities contracted to a level of diversity below that observed prior to dam 
closure. Respective sites demonstrated distinct ecological responses that were 
related to the environmental characteristics of their transformed habitats. Important 
changes in fish assemblages were visible in a short-term period of five years after 
dam closure. Therefore, monitoring fish species assemblages in a longer term is 
important to assess the consequences of a decrease in diversity.  
 
Keywords: fishes, tropical river, ecological response, assemblage structure, 




River impoundment is a major cause of ecological change in freshwaters (Bunn 
& Arthington, 2002; Poff & Zimmerman, 2010; Webb et al., 2013). It affects nearly 
80% of large river systems in North America and Europe (Nilsson et al., 2005). 
Tropical river systems are becoming increasingly regulated and the Amazon region 
is now being target as a potential source of hydroelectric power (Agostinho et al., 
2009). A common consequence of damming is the loss of habitat heterogeneity and 
a reduction in the diversity of structural features preferred by fish and other aquatic 
organisms (Poff et al., 2007). It can also fragment river ecosystems, with studies in 
 the Amazon basin showing, for example, that hydroelectric dams halt the long 
distance upstream migration of catfish and interrupted the downstream migration of 
their larvae (McAllister et al., 2001). 
According to Poff & Hart (2002), different types of dam operations (e.g., storage 
dams and run-of-the-river dams) lead to different ecological impacts. Large storage 
dams are associated with the homogenization of flow regimes by attenuating 
seasonal and annual variation in discharge (Poff et al., 2007; Poff & Hart, 2002). 
However the operation and size classifications of dams are important determining 
factors of their impact, so it is important to consideration respective cases 
individually. For example, run-of-the-river dams can have whole-reservoir turnover 
times ranging from a few hours to many weeks, and impoundment depths ranging 
from 1 m to more than 30 m (Poff & Hart, 2002). Much of the research on the impact 
of hydropower developments on river ecosystems has been carried out on large 
schemes with the creation of a dam and a reservoir where power generation is not 
dependent on the natural river flow (Angilletta et al., 2008), while the impacts of run-
of-the-river dams on river ecology remain poorly understood (Robson et al., 2011). 
Thornton et al. (1981), described three main zones along the reservoir 
continuum immediately upstream of river dams: lacustrine (reservoir), transition and 
fluvial (upstream). The physical and chemical gradients that distinguish these zones 
are related to hydraulic retention time, sedimentation rates, nutrient concentration 
and primary production (Thornton et al., 1996; Pagioro & Thomaz, 2002) and are 
important determinants of the fish assemblages throughout these new habitats 
(O’Brien, 1990; Agostinho et al., 1999). During the filling stage, the permanent 
inundation of terrestrial areas provides an abundant source of allochthonous food 
and a massive increase in the pelagic environment (Tundisi & Straškraba, 1999). 
Increases in water transparency, anoxia near the bottom and decrease in turbulent 
flow also influence fish community organization. This initial phase usually results in 
an increased abundance in fish (Baxter, 1977; Agostinho et al., 2007a) but as the 
new habitats stabilize and releases from the reservoir begin, the fish assemblages 
have to re-adapt (Tundisi & Straškraba, 1999). Over time there is a decrease in 
nutrient availability within the reservoir due to sedimentation and exports via 
discharges and the food web becomes increasingly autochthonous (Petrere, 1996). 
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This phase is defined as the “depression period”, which leads to a decrease in the 
fish abundance due to the decrease in food availability and the lack of reproduction 
conditions for some species (Agostinho et al., 1999).  
Understanding the response of fishes to dams in tropical rivers provides 
valuable knowledge for management aiming to mitigate the detrimental ecological 
effects. Although recent work has provided important understanding to the 
phenomena of regulation in tropical rivers (Agostinho et al., 2004a, 2007a; Petesse 
et al., 2007; Suzuki et al., 2009), the lack of basic, descriptive knowledge provides 
a major obstacle to strategies of impact mitigation. In contrast to the fast-paced dam 
construction and river ecosystem alteration which is taking place in the Neotropics, 
taxonomic knowledge remains incomplete and basic ecological knowledge on most 
species is lacking (Lucinda et al., 2007).  
The aim of this study was to analyze how fish assemblages from a Neotropical 
river in the Amazon basin were affected by the construction of a run-of-the-river dam 
in the short-term by focusing on two distinct time periods: one year and five years 
after dam closure. Specifically we compared fish assemblages before and after dam 
closure to evaluate the effects on abundance and diversity with respect to (i) space 
– the longitudinal gradient in fish assemblages that were differentially affected by 
habitat change immediately downstream of the dam, in the reservoir, in the transition 
zone and upstream of the reservoir; and time (ii) the seasonality along this 
longitudinal gradient and (iii) the difference over time from one to five years of dam 
existence. 
 
3.2 Materials and Methods 
 
3.2.1 Study Area 
 
Tocantins River is 2750 km long and is one of the major tributaries of the 
lower Amazon River. It has a total drainage area of 767000 km2, with an average 
annual mean discharge of about 11000 m3s-1.  The river basin is characterized by 
marked rainy and dry seasons with peak flow during the rainy season from October 
to April (Ribeiro et al., 1995).  
 The study area was located at the upper Tocantins River, in the reach 
affected by the construction of the Peixe Angical Dam (Figure 3.1). Most of the 
seven dams from this river are located in its middle and upper reaches, and Peixe 
Angical is the fourth in an upstream-downstream sequence. Peixe Angical is a run-
of-the-river dam, with constant electricity produced by diverting river flow through 
turbines before returning the water to the river downstream. In this specific case, 
water storage is provided and the river flow is regulated by Serra da Mesa dam, 
approximately 300 km upstream. Peixe Angical was completed in 2006, it is 39 m 
high and 6.2 km wide, with an installed capacity of 452 MW. The dam flooded 294 
km2 of Cerrado savanna, forming a reservoir 120 km in length with a mean depth of 







Figure 3.1 - Location of the study area and sampling sites (1 to 8). a – Brazil, Tocantins State; b – 
Tocantins River and Peixe Angical Dam. 
 
 
 3.2.2 Environmental data 
 
Environmental variables measured at each sampling site included: water 
depth (m), dissolved oxygen (ml/L), conductivity (µS/cm), transparency (m; the 
depth at which a Secchi disc was no longer visible) pH, distance from the dam (km) 
and width (m). Depth was determined using a graduated dip-net pole at the deepest 
point where the nets were installed. Width (before and after dam closure) and 
distance from the dam was estimated from satellite images. Dissolved oxygen, 
water temperature, conductivity and pH were measured by the multiparameter water 
quality monitoring system Horiba U-23 and Sonda YSI.  
For a period of 5 years pre-dam (2001-2005) and 5 years post-dam (2006-
2010), flow data immediately downstream from Peixe Angical Dam was obtained 
from the Brazilian National Electric Operator - “Operador Nacional do Sistema 
Elétrico (ONS)”, and total precipitation (mm) was obtained from Banco de Dados 
Meteorológicos para Ensino e Pesquisa  (BDMEP), Instituto Nacional de 
Meteorologia (IMET). 
 
3.2.3 Fish surveys 
 
Survey sites were chosen accordingly to a standardized procedure defined 
by the fish monitoring programs followed in this region, where sites were 
representative of the distinct river stretches differently affected by dam closure 
(Thornton et al., 1981).  Eight permanent sampling sites were defined along the river 
reach (~95 km; Figure 3.1), two sites in each of the four locations corresponding to: 
Downstream – Rio Tocantins Jusante (1), located immediately downstream from the 
dam; and Rio das Almas (2), located in a nearby tributary; Reservoir – Rio Tocantins 
Montante (3) and Rio Tocantins Santa Cruz (4) both located where the reservoir 
was formed; Transition – Rio Tocantins Traçadal (5) and Rio Maranhão Retiro (6) 
located in a transition zone between the reservoir and the river upstream; and 
Upstream – Rio Paranã Areia (7) and Rio Palmas Corrente (8), located beyond the 
direct influence of altered flow associated with the reservoir.  
65 
 
Ecological surveys were conducted monthly during three periods: before dam 
closure (from October 2004 to September 2005 – before), one year after dam 
closure (from October 2006 to September 2007 – after 1) and five years after dam 
closure (from February 2011 to January 2012 – after 5). At each site a combination 
of 12 gill nets of incremental mesh size were used (2.4, 3, 4, 5, 6, 7, 8, 9, 10, 12, 14 
and 16 cm mesh size). Nets were deployed for a period of 24 h hours and emptied 
at 8 h, 16 h and 22 h every day. In order to catch larger individuals in deep water 
areas a system of longlines with 40 baited hooks were employed together with a 
traditional method called “pindá” consisting of five wooden rods with a line, a hook 
and fish bait. The combination of gill nets was installed close to the shore during the 
three time periods (before, after 1 and after 5) at each sampling site. After dam 
closure (after 1 and after 5), sampling nets were also installed at the surface and 
close to the bottom in locations directly affected by the reservoir (sites 3, 4, 5 and 
6), in the newly created habitats. Fish were classified to species level whenever 
possible according to Nelson, (1994); Fink & Fink, (1996); McEachran et al. (1996), 
Johnson & Patterson, (1996) and Reis et al. (2003). 
 
3.2.4 Data analysis 
 
Species abundance were defined as catch per unit effort (CPUE), expressed 
as individuals/100m2 of net/24h. For classification and ordination, all fish abundance 
data were log (x + 1) transformed. For parametric analyses, normality and 
homogeneity of variances were tested by Shapiro–Wilk W-statistic and Levene’s 
test, respectively. 
Environmental variables were reduced by Principal Components Analyses 
(PCA). Permutational Multivariate Analyses of Variance (PERMANOVA) (bi-
factorial; McCune et al., 2002) was used to test for differences in the environmental 
variables between locations (Downstream, Reservoir, Transition and Upstream) and 
the three periods of time considered (before, after 1 and after 5).  
To analyze the seasonal difference in fish assemblages between time 
periods (before, after 1 and after 5) in respective locations, abundance data were 
pooled as rainy season (from October to March) and dry season (from April to 
 September) and tested by Kruskal–Wallis test and the subsequent post hoc 
Nemenyi test for pairwise samples. 
The number of species and community organization were described by 
species richness (S, total number of fish species in each sample) and species 
diversity (H’, Shannon entropy). Two-way analysis of variance (ANOVA) was used 
to test the effects of site location and time periods within each site. 
To compare fish communities, the mean abundance for each season (rainy 
and dry) in each site was used to construct a matrix based on Bray-Curtis distance. 
The resulting matrix was used to perform a non-metric multidimensional scaling 
analysis (nMDS). Permutational Multivariate Analyses of Variance (PERMANOVA) 
(bi-factorial; McCune et al., 2002) was used to test difference in fish communities 
between time periods and between site locations. To analyze how communities vary 
in the same location between the different time periods a test of dissimilarities 
percentage (SIMPER; Clarke & Warwick, 2001) was applied to determine which fish 
species contributed the most to the differences observed between the groups. 
The seasonal abundance matrix and a matrix of associated environmental 
variables were used to perform a canonical correspondence analysis (CCA; Ter 
Braak, 1987) to identify general gradients in ecological and environmental 
descriptors (ter Braak & Verdonschot, 1995).  The multicollinearity of environmental 
variables was previously tested by Pearson correlations with a threshold of 0.7 
(Dormann et al., 2012) and the results were presented in Appendix I – Table 8.1. 
Eight environmental variables were initially included in the ordination together with 
the binary dummy variables representing site location in relation to the dam: 
“Downstream”, “Upstream”, “Reservoir” and “Transition”. Significant environmental 
variables were identified via a stepwise addition, with a probability value for entering 
of 0.05. After the selection of the significant variables, the model was tested a 
second time through a Monte Carlo global permutation test (999 permutations; Ter 
Braak, 1987) to assess the significance of ordination axes. All statistics were 
computed with R version 2.15.1. (R. Development Core Team, 2012). Vegan 








The natural flow regime of the river was modified by the presence of Peixe 
Angical Dam (Figure 3.2). River regulation was associated with a reduction in the 
magnitude of wet-season peak flow events, which was not related to changes in 
precipitation. 
Seven of the eight environmental variables tested (water temperature, depth, 
dissolved oxygen, pH, transparency, distance to the dam and width) explained 57% 
of variability in the original data (Figure 3.3).  
 
  
Figure 3.2 - Mean daily discharge (m3/s) for Peixe Angical Dam and total precipitation (mm) during a 





Figure 3.3 - Principal Components Analysis plot of axes 1 and 2. The arrows indicate the 
environmental variables loadings and geometric forms site loadings. Time periods (before, after 1 
year and after 5 years of dam closure) correspond to different colors and locations (Downstream, 
Reservoir, Transition and Upstream) correspond to different shapes. 
 
Both Time (before, after 1 and after 5) and Location of sampling points 
(Downstream, Reservoir, Transition and Upstream) had a significant effect on the 
variables measured (F2,6=49.62, R2=0.097, p=0.01 and F3,6=218.47, R2=0.647, 
p=0.01, respectively). The interaction between time periods and locations was also 
significant (F5,6=1.85, R2=0.010, p=0.043). After 1 and 5 year of dam closure, the 
water at Reservoir and Transition sites was significantly deeper and more 
transparent. After five years there was an overall decreased in dissolved oxygen 
(Table 3.1).  
 
 Table 3.1 - Mean values (and standard deviation) of environmental variables recorded at the eight 
sample sites on the Tocantins river stretch affected by Peixe Angical dam before, after 1 year and 
after 5 years of dam closure. 
 Downstream Reservoir Transition Upstream 
 1 2 3 4 5 6 7 8 
Variable                                                                           before 
Water T.(ºC) 28.0(1.4) 27.3(2.0) 28.3(1.8) 27.9(1.2) 27.7(1.4) 27.4(1.2) 28.2(1.7) 27.6(1.7) 
Depth (m) 5.2(2.5) 1.2(0.8) 2.5(1.3) 3.4 (1.0)  2.8(1.2)  2.0(0.6)  2.6(0.8) 3.2(0.7)  
Diss. O2 (ml/L) 6.8(0.5)  6.8(0.6)  6.9(0.9)  6.8(0.8) 7.4(0.4)  6.7(0.6) 7.4(0.5)  7.0(0.8)  
pH 7.7(1.7) 7.7(0.2) 7.7(0.2) 7.6(0.3) 7.7(0.2) 7.5(0.2) 7.8(0.3) 7.7(0.2) 
Cond. (µS/cm) 84.9(9.7) 90.8(16.8) 82.5(9.5) 80.4(9.4) 89.2(20.9) 82.3(2.0) 99.6(26.9) 81.0(31.8) 
Transp. (m) 1.0(0.8) 0.4(0.2) 0.8(0.6)  1.0(0.7) 0.8(0.6)  1.0(0.6)  0.7(0.5) 0.6(0.4) 
Width (m) 900 30.0 1000 450 1000 300 250 250 
Distance to  
Dam (km) 
1 1.2 3.7 16.2 41.2 67.8 96.2 97.5 
after 1 year 
Water T. (ºC) 28.1(1.0) 27.2(0.9) 28.2(1.1) 28.8(1.5) 27.9(0.9) 27.9 (1.0) 28.6(1.0) 28.3(1.2) 
Depth (m) 5.0(0.8) 1.3(0.5) 5.2(1.0) 15.8(2.2) 17.0(2.1) 4.1(1.7)  2.7(0.6) 3.7(1.0)  
Diss. O2 (ml/L) 6.6(0.7) 6.8(0.6)  5.3(0.7)  6.2(0.4) 5.5(0.5)  5.6(0.5) 7.2(0.5)  7.1(0.4)  
pH 7.4(0.4) 7.4 (0.3) 7.1(0.4) 7.6(0.4) 7.3(0.3) 7.3(0.3) 7.7(0.4) 7.5(0.4) 
Cond. (µS/cm) 88.5(11.1) 76.9(15.4) 89.8(4.3) 88.2(9.4) 85.7(11.5) 83.0(10.7) 79.7(13.5) 71.4(20.3) 
Transp. (m) 1.5(0.8) 0.4(0.2) 1.9(0.5)  1.9(0.6) 2.9(0.8)  2.0(0.3) 0.7(0.5) 0.6(0.4) 
Width (m) 900 30 4500 3420 1900 600 250 250 
Distance to  
Dam (km) 
5.6 1.2 3.7 16.2 41.2 67.8 96.2 97.5 
after 5 years 
Water T. (ºC) 28.4(0.5) 27.0(1.6) 29.5(0.9) 28.2(1.5) 29.2(0.9) 28.0(1.0) 26.4(1.8) 26.3(1.7) 
Depth (m) 4.7(1.3)  1.9(0.5) 4.8(0.9) 12.7(4.4) 13.4(4.2) 2.8(0.9) 3.0(0.6) 4.0(0.8)  
Diss. O2 (ml/L) 5.3(0.4)  5.5(1.6)  5.4(1.2)  6.3(1.5) 5.2(0.4) 4.8(0.8) 5.0(0.3) 5.4(0.2) 
pH 7.3(1.7) 6.9(0.4) 7.1(0.2) 7.3(0.4) 7.0(0.1) 7.1(0.4) 7.2(0.4) 6.9(0.2) 
Cond. (µS/cm) 98.5(5.2) 87.6(17.4) 87.6(11.7) 89.8 (14.9) 98.5(5.5) 85.2(5.5) 119.5(25.7) 78.1(11.1) 
Transp. (m) 0.8(0.7) 0.8(0.7) 2.3(1.0)  2.4(0.9) 3.1(0.9)  1.7(0.7) 0.7(0.8) 0.4(0.4) 
Width (m) 900 30 4500 3420 1900 600 250 250 
Distance to  
Dam (km) 
1 1.2 3.7 16.2 41.2 67.8 96.2 97.5 
 
Temporal and spatial analysis of fish assemblages 
 
A total of 69343 individuals representing 260 fish species, 34 families and 9 
orders were recorded. From these, only two were introduced species: Colossoma 
macropomum and Piaractus mesopotamicus. Overall, most species were 
Characiforms, which were dominated by species belonged to the family Characidae 
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that increased in abundance after dam closure.  The number of species in the 
remaining families from this order varied between the time periods considered but 
decreasing consistently after dam closure for Curimatidae, Anostomidae, 
Chilodontidae and Prochilodontidae and increasing for Erythrinidae, Hemiodontidae 
and Serrasalmidae. The order with the next highest number of species overall were 
the Siluriforms which were fewer after dam closure, mainly due to a decrease in 
Loricariidae and Pimelodidae.  
Seasonal abundances varied differently between time periods in respective 
locations. In general, abundance increased significantly at all sites during the rainy 
season and then decreased after 5 years to levels similar to before dam closure 
(Figure 3.4; Appendix I – Table 8.2). Dry season abundances showed less variation 
during the first year but increased significantly in Reservoir site 3 and both Upstream 
sites (7 and 8). After 5 years, dry season abundances decreased to lower levels 
than before the dam at Downstream sites 1 and 2 and the Upstream site 8.
  
 
Figure 3.4  - Seasonal (rainy and dry) fish abundance (CPUE) in each site (1 to 8), grouped by locations (a - Downstream, b - Reservoir, c - Transition, d 
- Upstream), in the 3 time periods considered (before, after 1 and after 5 years of dam closure). 
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There was no significant difference for species richness (S) between 
locations (F3,12=0.58, p=0.64). Between time periods richness was significantly 
higher after one year and lower after five years of dam closure (F3,12=38.44, p< 0.0; 
Figure 3.5). The interaction between time and location was not significant 
(F6,12=0.56, p=0.75). Shannon entropy (H’) was not significantly different between 
locations (F3,12= 0.70, p= 0.57). Between time periods it was significantly lower after 
5 years (F2,12=41.93, p<0.001). The interaction between time and location was not 
significant (F6,12=1.83, p=0.20). 
 
Figure 3.5 - Box-plots of species richness (S) and diversity (Shannon-Wiener - H) between locations 
(Downstream, Reservoir, Transition and Upstream) and time periods (before, after 1 and after 5). 
  
 
Changes in fish composition 
 
Fish communities were significantly different between time periods (F2,6= 
15.87, R2=0.34, p=0.01) and locations (F3,6=3.83, R2=0.12, p=0.01). The interaction 
between locations and time periods was also significant (F5,6=2.33, R2=0.15, 
p=0.01). The nMDS ordination identified three main groups (before, after 1 and after 
5 years) with a stress value of 0.13 (Figure 3.6).   
 
Figure 3.6 - Nonmetric multidimensional scaling ordinations of seasonal fish abundances in   different 
time periods: before dam closure (Medium-gray), after 1 year (Light-gray) and after 5 years (Black); 
r – rainy season, d – dry season. Sampling sites are coded 1 to 8. 
The results of SIMPER analysis that compared the three groups in each 
location showed that the most significant overall dissimilarities occurred between 





Table 3.2 – Results from the SIMPER analysis of the total number of species that accounted for 90% 
of the dissimilarity between the time periods: before vs. after 1; before vs. after 5 and after 1 vs. after 
5 and their overall dissimilarity in respective locations (Downstream, Reservoir, Transition and 
Upstream). 
 before – after 1 before – after 5 after 1 – after 5 









Downstream 63 70 65 88 64 87 
Reservoir 57 71 60 83 50 75 
Transition 55 69 64 80 59 68 
Upstream 59 72 67 90 60 87 
 
The differences between the three groups that constitute the time periods 
analyzed were explained by species such as Hemiodus unimaculatus, Argonectes 
robertsi and Auchenipterus nuchalis that were more abundant after dam closure at 
the Reservoir, Transition and Upstream locations, whereas species such as 
Hypostomus sp. were less abundant. Downstream, observed differences were 
mostly related to a higher abundance of Pimelodus blochii and Pachyurus junki 
during the first years of dam closure and a general decrease in abundance of 
Caenotropus labyrinthicus and Hemiodus microlepis (Table 3.3).
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Table 3.3 - Results from the SIMPER analysis of dissimilarity for the first five most contributing species between 3 time periods (before, after1 and after 
5) in respective locations (Reservoir, Transition, Upstream and Downstream). Fish species contributing most to the dissimilarity between time periods are 
shown together with their average abundance (av.) and percentage contribution in dissimilarity (%). 
      Reservoir Transition       Upstream               Downstream 
before – after 1 
 av. B av. A1 %  av. B av. A1 %  av. B av. A1 %  av. B av. A1 % 
H. unimaculatus 0.22 0.93 4.15 A. nuchalis 0.11 0.66 4.50 H. unimaculatus 0.29 0.71 3.84 P. blochii 0.36 1.35 4.26 
A. robertsi 0.07 0.67 3.25 S. rhombeus 0.09 0.53 3.08 B. cuvieri 0.07 0.55 3.42 C. acutirostris 0.45 0.46 2.09 
M. dichroura 0.00 0.62 3.05 A. robertsi 0.12 0.51 3.05 A. nuchalis 0.06 0.34 2.53 P. junki 0.42 0.46 2.05 
R. affinis 0.08 0.58 2.73 H. unimaculatus 0.38 0.59 2.40 A. robertsi 0.08 0.34 2.26 C. labyrinthicus 0.59 0.48 2.01 
A. nuchalis 0.15 0.50 2.59 C. acutirostris 0.29 0.25 2.23 R. vulpinus 0.31 0.25 2.17 H. microlepis 0.51 0.25 1.85 
before – after 5 
 av. B av. A5 %  av. B av. A5 %  av. B av. A5 %  av. B av. A5 % 
Hypostomus sp. 0.53 0.00 4.65 G. altifrons 0.30 0.00 2.96 Hypostomus sp. 0.44 0.00 6.17 Hypostomus sp. 0.53 0.00 3.42 
H. unimaculatus 0.22 0.44 3.38 C. labyrinthicus 0.35 0.07 2.80 A. nuchalis 0.06 0.34 5.14 C. labyrinthicus 0.59 0.05 3.09 
A. nuchalis 0.15 0.32 2.96 H. unimaculatus 0.38 0.33 2.58 R. vulpinus 0.31 0.08 4.34 P. nigricans 0.47 0.07 3.00 
P. squamosissimus 0.27 0.35 2.55 Hypostomus sp. 0.29 0.00 2.57 H. unimaculatus 0.29 0.14 4.04 H. microlepis 0.51 0.08 2.87 
P. flavipinnis 0.02 0.29 2.52 C. acutirostris 0.29 0.02 2.51 T. albus 0.22 0.03 3.21 C. acutirostris 0.45 0.04 2.61 
after 1 – after 5 
 av. A1 av.A5 %  av. A1 av.A5 %  av. A1 av.A5 %  av. A1 av.A5 % 
H. unimaculatus 0.93 0.44 3.40 A. nuchalis 0.66 0.22 4.20 H. unimaculatus 0.71 0.14 5.45 P. blochii 1.35 0.16 7.68 
G. altifrons 0.57 0.00 3.37 A. robertsi 0.51 0.22 2.59 B. cuvieri 0.55 0.03 4.31 O. niger 0.53 0.05 2.93 
M. dichroura 0.62 0.00 3.30 S. rhombeus 0.53 0.30 2.47 A. nuchalis 0.34 0.34 4.29 P. junki 0.46 0.03 2.56 
B. cuvieri 0.57 0.02 3.24 H. unimaculatus 0.59 0.33 2.40 Hypostomus sp. 0.42 0.00 4.00 C. labyrinthicus 0.48 0.05 2.53 
R. affinis 0.58 0.08 2.95 B. cuvieri 0.34 0.03 2.35 A. robertsi 0.34 0.18 2.86 P. granulosus 0.38 0.05 2.50 
 
 The results of canonical correspondence analysis (CCA) of fish species 
composition and environmental variables are shown in Figure 3.7.  
 
Figure 3.7 - Canonical correspondence analysis (CCA) diagram of seasonal species abundance for 
each sampling site coded 1 to 8 and season: r – rainy season; d – dry season. Time periods are 
coded by colors: medium grey – before; light gray – after 1 year; black – after 5 years. Environmental 
variables are represented by arrows that point towards the direction of maximum variation. 
Eigenvalues were 0.25 for the first axis and 0.08 for the second axis. 
 
Gradients in community structure were related to Dissolved Oxygen (F=5.6; 
p=0.01), Transparency (F=2.36; p=0.01), and site location (Downstream - F=2.46; 
p=0.02 and Upstream - F=2.18; p=0.03). The explanatory variables accounted for 
40% of the total variation, with the first and second axes representing 69% of that 
variation (cumulative proportion explained) (Table 3.4). Higher values of dissolved 
oxygen were mostly associated with sites sampled before and one year after dam 
closure, while increased transparency was associated with sites sampled after five 
years. The second CCA axis separated sites accordingly to their position in relation 




Table 3.4 – Results from the ordination by canonical correspondence analysis (CCA) of the seasonal 
fish abundance and environmental variables that were selected as being significantly related with 
fish species composition (p<0.05). The correlation of the explanatory variables with the first two 
canonical axes are displayed. Eigenvalues were 0.25 for the first axis and 0.08 for the second axis. 
Explanatory variable Correlation with canonical axes 
 Axis 1 Axis 2 
Downstream -0.168 -0.942 
Upstream -0.164 0.665 
Transparency 0.539 0.113 





This study indicates that damming was associated with an overall increase in 
fish abundance during the first year, followed by a decrease after 5 years. Seasonal 
patterns in abundances were differently affected according to the location of habitats 
in relation to the dam, indicating a possible consequence of altered seasonal 
hydrologic regimes. In a period of 5 years, fish communities had contracted to a 
level of diversity below that observed prior to dam closure and sites located 
Upstream, outside the zone of direct habitat alteration, also changed. These results 
are in agreement with other studies in tropical rivers subjected to damming where 
an increase in richness and abundance in the first year after impoundment is a 
characteristic response of fish communities that is usually not sustained with 
reservoir aging (Agostinho et al., 2007a; Agostinho et al., 2008; Mazzoni et al., 
2012). The initial upsurge in fish is consistent with the “trophic upsurge period” 
(Kimmel & Groeger, 1986; Petrere, 1996) where the newly formed habitat by the 
reservoir provides a high availability of food as a consequence of increased primary 
production and allochtonous food resources. Planktonic species such as H. 
unimaculatus increase and as consequence of the increase in zooplankton during 
this initial phase (Rocha et al., 1999) zooplanktonic species like Moenkhausia 
dichroura (Kner, 1858) also increase in the reservoir habitats. These small fish, with 
a high fecundity, pelagic eggs and larvae and often proliferate in the first years after 
impoundment (Agostinho et al., 2007a; Dias et al., 2005). Representing important 
 prey for larger, predatory fish, they help explain the marked increase in piscivorous 
species such as Serrasalmus sp. (Luz-Agostinho et al., 2006; Agostinho et al., 
2007a). 
The reorganization of fish communities after impoundment is a consequence 
of the biological requirement of South American fish, which have evolved 
predominantly in flowing waters, given the few numbers of natural occurring lakes 
in this region (Gomes & Miranda, 2001; Agostinho et al., 2007a, 2008). 
Consequently, although there was an overall increase in abundance and richness 
during the first year after dam closure, the increase in abundance was a 
consequence of few species in respective study locations (e.g., P. blochii at 
Downstream sites and H. unimaculatus and A. nuchalis at Upstream sites). After 5 
years some species had decreased (e.g., P. blochii and Oxydoras niger) or had 
been locally eliminated (e.g., Hypostomus sp. and Geophagus altifrons) while others 
became more dominant (e.g., Serrasalmus sp. Downstream and A. nuchalis in other 
locations), reflecting similar patterns of colonization and dominance following 
damming in other tropical rivers (Agostinho et al., 2007a, 2009). 
The colonization successes in the first year were, probably a consequence 
of overlapping events connected to reservoir filling that favored the initial 
development of some species that, in the longer term, were not sustained. The 
resultant decrease in diversity after 5 years is in agreement with data from previous 
studies (Agostinho et al., 2007a; Mazzoni et al., 2012).  After the period of trophic 
upsurge, reservoirs often progress into a phase of trophic depletion and low 
productivity that eventually result in a decrease in fish abundance and richness in 
the lacustrine area (Agostinho et al., 2008) as many tropical fish species lack the 
morphological (e.g., locomotion and swimming capacity) and behavior (e.g., 
reproductive plasticity) characteristics to successfully occupy the pelagic area 
created by the new reservoir after the filling stage (Gomes & Miranda, 2001). 
Our results suggest that the construction of Peixe Angical Dam modified the 
spatial distribution of fish communities along the Tocantins River (i.e., nMDS and 
CCA results). Changes in spatial distribution have been documented for Neotropical 
migratory species  (Agostinho et al., 2007b; 2008b; Hoeinghaus et al., 2009) and 
more recently for nonmigratory species (Araújo & Marques, 2013). The previous 
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longitudinal gradient in the river was altered immediately after dam closure. In part, 
this was due to the colonization of fishes that were not previously present in the 
areas inundated by the reservoir that migrated to these zones in response to 
improved feeding and shelter opportunities. The strong hydrological gradient 
associated with the dam (i.e., lentic conditions in the reservoir and lotic upstream) 
and consequential decreased in dissolved oxygen and increase in depth and 
transparency represented a radical transformation to fish habitats. At the same time, 
river regulation diminished the seasonal variability of river habitats and transformed 
the rivers energy base and environmental context for food-web interactions. While 
the dam itself represents an obvious barrier to the long-range migratory species, it 
is also likely that the habitat alterations had an important influence on the mobility 
of a wide range of species previously inhabiting this stretch of river. Thus, while 
analysis identified the statistical significance of the measured variables, these 
correlates should also be regarded as surrogates for the broad range of 
environmental changes that resulted from dam closure.  
Fish assemblages in Downstream sites were also affected by the dam. 
However, here the ecological response was distinctly different from the other 
locations. Migratory fish that would normally have migrated upriver past the dam site 
tend to accumulate in this tail water area (e.g., P. blochii). Also, lotic fishes are 
especially vulnerable to discharges of deoxygenated water from the spillways and 
fish populations can also be vulnerable to increased levels of predation associated 
with high densities of predatory fish (Agostinho et al., 2007). In addition, these zones 
are often a focus of increased fishing, inspired by the accumulation of large 
migratory fishes and may be a contributory factor in the decrease in fish diversity at 
the Downstream site after 5 years. In the long-term, other impacts such as the 
disruption to reproduction and fish recruitment and the lack of access to floodplain 
resources may cause further declines in diversity (Gomes & Agostinho, 1997; 
Agostinho et al., 2004b; 2007a; Mérona et al., 2005). However, most studies and 
monitoring programs in Brazilian tropical reservoirs lack monitoring points 
downstream from the dam, focusing exclusively on consequences in the reservoir 
zone. These data demonstrate that this can be particularly limiting for systems like 
 the Tocantins River, especially when they are subjected to a cascade of dams which 
cause biotic homogenization (Petesse & Petrere, 2012). 
From a management perspective, the loss of species with reservoir aging 
emphasizes the importance of preserving the upper lotic stretches and tributary 
systems in the Tocantins Rivers that appear to still maintain natural conditions with 
flowing waters that could sustain nursery habitat for both migratory and non-
migratory species (Agostinho et al., 2008; Araújo & Marques, 2013). The fact that 
Upstream sites showed differences after 5 years might be related to the fact that not 
only the studied river stretch was limited upstream by another dam (São Salvador) 
in 2009, but also one of its main tributaries upstream (Manoel Alves River) was 
regulated in 2008. Under these conditions we might speculate that the natural flow 
regime of this river stretch might be compromised and further analysis would be 
necessary to assess its effect on migratory and rheophilic fish. The fact that Peixe 
Angical Dam is part a cascade-reservoir system raises important management 
issues. Petesse & Petrere (2012), reported a tendency towards biotic 
homogenization among reservoirs in cascade systems as a consequence of the loss 
of unique native species and the progressive environmental maturation of 
constituent reservoirs. This suggests that longer term assessment of fish 
assemblages throughout the Tocantins cascade system is important to achieve a 




This study provides insight about the effects of river regulation in a tropical 
river system in a spatial-temporal context. One year after dam closure, there was 
increase in richness and abundance of fish assemblages that may have been 
related to increased productivity and greater food availability. After 5 years, 
however, abundance decreased and communities contracted to diversity levels 
below those observed prior to dam closure. The changes observed were related to 
the environmental gradients defined by location relative to the dam, which caused a 
transformation in fish communities at all sites. The growth of the hydropower 
industry particularly in tropical regions where little is known about the ecology of 
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fishes poses an evident risk to tropical biodiversity and the provision of ecosystem 
goods and services to human societies. Our results show that diversity has declined 
in a period of only five years. However, this time period can only show short-term 
changes in the areas affected by the dam. It will be important to continue monitoring 
fish species assemblages in a longer term to assess the consequences of a 
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Neotropical freshwaters host some of the most biodiverse ecosystems in the 
world and are among the most threatened by habitat alterations. The high number 
of species and lack of basic ecological knowledge provide a major obstacle to 
understanding the effects of environmental change. We assessed the impact of dam 
closure on the fish communities of a Neotropical river by applying simple 
descriptions of community organizations: species abundance distribution and 
abundance biomass comparison curves. Fish data were collected using gillnets 
during three distinct time periods (1 year before, 1 year after and 5 years after dam 
closure), at eight sites located downstream of the dam, in the reservoir, transition 
zone and upstream. A total of 69343 individuals representing 260 species were 
recorded. Dam closure was associated with changes in the organization of fish 
communities at all sites. Species richness tended to increase immediately after dam 
closure while evenness decreased. Changes in taxonomic structure (richness and 
evenness) were accompanied by a change in the distribution of biomass with the 
proportionate contribution by smaller individuals significantly increased relative to 
larger individuals. Five years on, richness had fallen to below pre-closure levels at 
all sites, while the comparative stability of assemblages in the transformed habitats 
was reflected by biomass-abundance distribution patterns that approximated pre-
disturbance ratios. This simplistic analysis provided a sensitive and informative 
assessment of ecological conditions, which highlights the impact to ecosystem 
process and ecological networks and has particular value in regions where a lack of 
detailed ecological knowledge precludes the application of traditional 
bioassessment methods. 
 
Keywords: Abundance Biomass Comparisons, Species Abundance Distribution, 




 4.1 Introduction 
 
Freshwaters ecosystems are among the most vulnerable to biodiversity losses 
of all ecosystems (Ricciardi & Rasmussen, 1999; Sala et al., 2000; Strayer & 
Dudgeon, 2010). Dams have greatly contributed to the increase of habitat alteration 
(Poff et al., 2007). They lower the diversity of structural features preferred by fish 
and other aquatic organisms and disrupt longitudinal connectivity, which are 
translated into biodiversity losses (Webb et al., 2013; Bunn & Arthington, 2002; Poff 
& Zimmerman, 2010). Recent studies have shown a link between local species loss 
and changes in ecosystem functioning (Balvanera et al., 2006; Cardinale et al., 
2006; Pendlenton et al., 2014; Taylor et al., 2006). Ecological consequences of 
damming are especially alarming for tropical regions where many large rivers have 
been modified to some extent by large hydroelectric dams (Araújo et al., 2013) and 
the construction of many more are expected (Marques et al., 2009). Although recent 
work has provided important understanding on the effects of river regulation from 
the perspective of taxonomic changes (Agostinho et al., 2004; Petesse & Petrere 
2012), the lack of basic, descriptive knowledge on the ecology and functional 
organization of tropical freshwater fish still provides a major obstacle to strategies 
of impact mitigation. Given that tropical rivers represent some of the most biodiverse 
habitats in the world (Agostinho et al., 2008), a more comprehensive understanding 
of the ecological effects of damming using alternative approaches is an urgent 
priority. 
Simple descriptions of community organizations like species accumulation 
curves, species abundance distributions (SAD’s; Colwell et al., 2004; Magurran, 
2004) and measures of relative dominance, i.e. abundance–biomass comparison 
(ABC) can be used as a novel approach for impact assessment (e.g., Anticamara 
et al., 2010; Dornelas et al., 2009). These methods offer particular advantages in 
regions where the fauna is otherwise poorly known (e.g., tropical regions; Magurran, 
2004; McGill et al., 2007). The ABC from Warwick (1986), is derived from the r/K 
selection theory developed by MacArthur & Wilson (1967).  It is based on the 
assumption that evolutionary pressures tend to drive animals in one of two directions 
— towards quickly reproducing animals whose specialty is to adopt as many niches 
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as possible using simple strategies (r-strategists), and slowly reproducing animals 
who are strong competitors in crowded niches and invest substantially in their 
offspring (K-strategists). This analytical approach has been shown to be a sensitive 
indicator of natural physical and biological disturbance as well as pollution 
disturbance (Warwick, 1986; Warwick & Pearson, 1987); it has been applied to a 
diversity of animal groups (Anticamara et al., 2010; Barletta et al., 2003; Coeck et 
al., 1993; Meire & Dereu, 1990; Penczak & Kruk, 1999). 
The relative distribution of abundance and biomass is informative to 
environmental management because it indicates how ecological resources are 
partitioned (Peters, 1983). In aquatic ecosystems body size tends to be positively 
correlated with trophic position (Cohen et al., 1993; Peters, 1983; Riede et al., 
2011). Species representing higher trophic levels, often characterized by larger 
bodies or slow-growing individuals with late maturity tend to decline or go extinct 
more rapidly than those that are smaller (Cardillo, 2003; Layer et al., 2011). As 
disturbance caused by damming, and other human-induced impacts, change the 
river habitat structure, changes in the distribution of body size are expected. Such 
changes can be exacerbated by fishing pressure which are often focused on large 
and long-lived species (Winemiller, 2005). 
Understanding how the size-structure of fish communities is altered in 
freshwater ecosystems disturbed by damming and other human-induced impacts is 
crucial for impact mitigation. Although many studies in recent decades have focused 
on the impacts of damming on river fishes (Agostinho et al., 2008; Webb et al., 2013; 
Bunn & Arthington, 2002; Mcallister et al., 2001; Poff & Zimmerman, 2010; Poff et 
al., 2007) few have focused on changes in the allocation of biomass after 
disturbance. The ABC method provides both structural and functional information 
on the organization of highly diverse assemblages. 
Here we assess the impact of damming on the ecological organization of fish 
communities in a Neotropical river by monitoring the spatio-temporal patterns in ﬁsh 
diversity (abundance and biomass) on a monthly basis using SAD’s and ABC 
curves. The effects on fish assemblages were evaluated at eight sites (immediately 
downstream of the dam, in the reservoir, the transition zone and upstream of the 
reservoir) during three distinct time periods (before, one year and five years of dam 
 closure). We hypothesized that the changes in river habitat associated with dam 
closure would transform the relative distributions of the abundance and biomass of 
river fishes in both space and time. 
 
4.2 Materials and Methods 
 
4.2.1 Study sites 
 
Survey sites were chosen accordingly to a standardized procedure defined 
by the fish monitoring programs, where sites were representative of the distinct river 
stretches differently affected by dam closure (Thornton et al., 1981). Eight 
permanent sampling sites were defined along the Tocantins River reach affected by 
Peixe Angical Dam (~95 km; Figure 3.1), two sites in each of the four locations 
corresponding to the following: Downstream – Rio Tocantins Jusante (1), located 
immediately downstream from the dam; and Rio das Almas (2), located in a 
tributary; Reservoir – Rio Tocantins Montante (3) and Rio Tocantins Santa Cruz (4) 
both located where the reservoir was formed; Transition – Rio Tocantins Traçadal 
(5) and Rio Maranhão Retiro (6) located in a transition zone between the reservoir 
and the river upstream; and Upstream – Rio Paranã Areia (7) and Rio Palmas 
Corrente (8), located above the zone of dam-regulated flow. 
 
4.2.2 Fish surveys 
 
Fish surveys were conducted monthly during three periods: before dam 
closure (from October 2004 to September 2005), 1 year after dam closure (from 
October 2006 to September 2007) and 5 years after dam closure (from February 
2011 to January 2012). At each site, a set of 12 individual gill nets of incremental 
mesh size were used (mesh size = 2.4, 3, 4, 5, 6, 7, 8, 9, 10, 12, 14 and 16 cm). 
Nets were 20m long and between 2.7 and 1.7m high. Nets were deployed for a 
period of 24 h and emptied at 8, 16 and 22 h when individuals were identified, 
counted and weighed (grammes). The combination of gill nets was installed close 
to the shore during the three time periods (before, after 1 and after 5) at each 
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sampling site. At the reservoir and transition areas (sites 3, 4, 5 and 6, respectively), 
an additional suite of nets were deployed following dam closure to sample fishes 
from both benthic and pelagic habitats (in the comparatively shallow water prior to 
dam closure, this was achieved with a single suite of nets). In order to catch larger 
individuals at deep water sites, a system of ‘longlines’ was employed, where each 
longline consisted of 40 baited hooks. At these deep water sites, an addition of 
traditional fishing apparatus, called ‘pindá’, was employed. It consists of five wooden 
rods each equipped with a line, a hook and a fish bait. At each deep water site, one 
longline and one pindá were set over a period of 24 h, employing the same recovery 
strategy used for surveys. 
 
4.2.3 Data analysis 
 
Species abundance and biomass were defined as catch per unit effort, 
expressed as individuals/100m2 of net/24 h and wet weight/100m2 of net/24 h, 
respectively. Before the application of any parametric method, normality and 
homogeneity of variances were tested for each variable using Shapiro–Wilk W-
statistic and the Levene test, respectively. To test the differences in fish abundances 
and biomass at each site before, after 1 year and after 5 years of dam closure, one-
way analysis of variance (ANOVA) was used followed by a post hoc Turkey test for 
multiple comparisons or, in case of non-parametric data, a Kruskall–Wallis with a 
simultaneous test procedure for multiple comparisons. Abundance–biomass 
comparison curves present the cumulative abundance and cumulative biomass 
plots for each site against species rank (i.e., species rank on the x-axis and the 
cumulative contribution of species abundance or biomass on the y-axis). The W-
statistic associated with ABC curves (Clarke, 1990) measures the distance between 
the abundance and biomass curves, a W-statistic of +1 represents complete 
biomass dominance (higher biomass than abundance curves) and an even 
abundance distribution across all species, a W-statistic of  -1 for the opposite 
scenario (Clarke & Gorley, 2006). 
 
 
 Species abundance distributions  
 
Rank-abundance diagrams were constructed by plotting the relative 
abundance and biomass on a logarithmic scale against the rank order for each site 
(1 to 8) in the three time periods of study (before, after 1 year and after 5 years of 




Different diversity indices summarize slightly different aspects of community 
structure and are widely used in biodiversity assessment. In comparing different 
assemblages, it is useful to compare several indices to indicate specific structural 
differences (McCune et al., 2002). With the objective of comparing indices with the 
results of the other two methods proposed (ABC curves and SADs) and to infer 
whether they are complementary and informative to both methods, species richness 
and four widely used indices, Shannon entropy (H’), Hill’s N1, Pielou’s J and 
Simpson’s 1-lambda (McCune et al., 2002), were calculated for each site. Two-way 
analysis of variance (ANOVA) was used to test the effects of site location and time 
periods within each site. All statistics were computed with R version 2.15.1. (R. 




A total of 69343 individuals representing 260 fish species, 34 families and 9 
orders were recorded. During the first year after impoundment, there was an overall 
significant increase in abundance for most sites and a significant decrease after 5 
years relative to abundance levels prior to dam closure, with the exception of site 1 
(Downstream) and site 8 (Upstream) where abundance was significant lower than 
before (Figure 4.1; Table 4.1). The same pattern was evident for biomass even 
though the increase after 1 year and decrease after 5 years of dam closure was not 






Figure 4.1 - Abundance and biomass comparison between before, after 1 and after 5 years of dam 
closure for study locations: (A) Downstream (sites 1 and 2), (B) Reservoir (sites 3 and 4), (C) 
Transition (sites 5 and 6) and (D) Upstream (sites 7 and 8). Significant differences between time 
periods (Kruskall–Wallis, H) are indicated by ‘a’, ‘b’ and ‘c’: (a) between after 1 and after 5; (b) 
between before and after 1 and (c) between before and after 5. 
 
 Table 4.1 - Kruskall–Wallis results (H and p-value) for comparisons of abundance and biomass 
between time periods (before, after 1 and after 5 years of dam closure) for each study site. 
 
 Abundance Biomass 
Site K-W (H), 2 d.f. p-value K-W (H), 2 d.f. p-value 
1 27.7 <0.001 1.8 0.4 
2 18.7 <0.001 9.0 0.011 
3 22.1 <0.001 3.5 0.17 
4 14.3 <0.001 4.7 0.09 
5 14.8 <0.001 5.9 0.08 
6 4.8 <0.01 2.1 0.34 
7 16.2 <0.001 6.0 0.05 
8 16.4 <0.001 5.3 0.07 
 
Abundance–biomass comparison curves 
 
The ABC curves showed that the initial increase in abundance after dam 
closure was associated with a shift in ABC curves, with biomass curves falling 
relative to abundance curves at all sites, reflecting W values close to 0 or becoming 
negative (for sites 3, 6 and 7; Table 4.2; Figure 4.2). After 5 years, ABC curves 
shifted in downstream and upstream sites (Figure 4.2a and d) and were similar to 
the scenario before dam closure with biomass curves above abundance curves. In 
contrast, reservoir and transition sites remained similar to the period of 1 year after 
dam closure (Figure 4.2b and c).  
 
Table 4.2 - Abundance–biomass comparison (ABC) W-statistics based on monthly abundance and 
biomass of all fish species found within each site during the three periods of time considered. 
                   W-Statistics 
Site before  after 1 yr.    after 5 yrs. 
1 0.2051  0.0075  0.2365 
2 0.1322  0.0914  0.1021 
3 0.1473  -0.0093  0.0342 
4 0.2051  0.0085  0.0509 
5 0.0382  -0.0102  0.0169 
6 0.1495  0.0149  0.0071 
  7 0.0661  0.0216  0.2030 
  8 0.1166  -0.0006  0.1069 
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Figure 4.2 - Abundance–biomass comparison curves based on monthly abundance and biomass of all fish species found within each site during the three 




Figure 4.3 - Rank abundance plots of abundance and biomass for each site and the three time periods considered (before, after 1 year and after 5 years 
of dam closure). (A) Downstream (sites 1 and 2), (B) Reservoir (sites 3 and 4), (C) Transition (sites 5 and 6) and (D) Upstream (sites 7 and 8). 
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Species abundance distributions  
 
The rank-abundance plots show that after 5 years of dam closure, taxonomic 
richness decreased (Figure 4.3). However, 1 year after the dam closure, the number 
of species reached its highest levels for all locations. For all three time periods, there 
were a few very dominant species and many rare ones. Relative dominance of the 
most abundant species demonstrated an increase after 1 year. At transition sites 
(Figure 4.3 - C), there was an overlapping of the three time periods analyzed in 
terms of abundance, but not in terms of biomass where communities became less 




Only Pielou’s J showed a significant difference between both locations and 
time periods (Table 4.3; Table 4.4). Upstream sites presented a significantly higher 
evenness than the other locations, and evenness was significantly higher before 
dam closure (Table 4.4). There was no significant difference for species richness 
(S) between locations, only between time periods (Table 4.3) where richness was 
significantly higher after 1 year and lower after 5 years of dam closure (Table 4.3). 
Shannon entropy (H’) also did not show significant differences between locations, 
only between time periods where it was significantly lower after 5 years. Simpson’s 
1-lambda was not significantly different between locations, only between time 
periods where it was lower five years after dam closure. Hill’s N1 differed between 
time periods, being higher before dam closure and lower after 5 years but not 
between locations. For all indices calculated, the interaction between factors was 








Table 4.3 - Two-way ANOVA test results for differences observed between locations, time periods 













S 0.58 0.64 38.44 <0.01 0.56 0.75 
H’ 0.70 0.57 41.93 <0.01 1.83 0.20 
J’ 3.72 0.042 5.46 0.020 2.45 0.08 
1-λ 0.59 0.63 6.79   0.01 1.47 0.27 
Hill's N1 0.59 0.63 25,23 <0.01 1.02 0.46 
 
Table 4.4 - Post hoc Tukey’s test results for the significant differences observed between locations 
and time periods for each calculated index. Significant values are indicated in bold. 
Index Time Periods p-value Locations p-value 
S 
Before < After 1 
Before > After 5 






Before = After 1 
Before > After 5 






Before > After 1 
Before = After 5 




Downstream = Reservoir 
Downstream = Transition 
Downstream < Upstream 
Reservoir = Transition 
Reservoir < Upstream 








Before = After 1 
Before > After 5 







Before > After 1 
Before > After 5 









Our results revealed systematic changes in the ecological organization of fish 
communities after dam construction. The most interesting finding was related to the 
change in the ABC curves from higher biomass than abundance curves before the 
dam to an approximation of both curves after 1 year. These results demonstrate that 
changes in taxonomic structure (richness and evenness) were accompanied by a 
change in the distribution of biomass with the proportionate contribution by smaller 
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individuals significantly increased relative to larger individuals. Five years on, 
richness had fallen to below pre-closure levels at all sites, while the comparative 
stability of the transformed habitats was reflected by biomass–abundance 
distribution patterns that approximated their pre-disturbance ratios. Despite initial 
generality, respective sites demonstrated distinct ecological responses that were 
related to the environmental characteristics of their transformed habitats. The initial 
relative increase in small-sized individuals was most pronounced at the reservoir 
sites. This suggests that dam closure was related to the colonization of small sized 
fish, which usually proliferate in the first year after impoundment (Dias et al., 2005, 
Agostinho et al., 2008). Five years after dam closure, the response of fish 
assemblages demonstrated clear differences according to their spatial context in 
relation to the dam. At downstream site 1, located on the main river stream and near 
the dam wall, there was an increase in biomass that was probably related to the 
accumulation of large-migratory fish just downstream the dam. Agostinho et al. 
(2012), reported that blocking upstream migrations and the powerful currents 
associated with controlled discharges from the dam results in a high concentration 
of migratory and non-migratory rheophilic fish. Pelicice & Agostinho (2012), 
demonstrated that fish movement upstream through a fish ladder in Peixe Angical 
Dam was deficient, leaving large-bodied migratory species trapped at the dam wall. 
Other studies have demonstrated that large dams resulted in a decrease in fish 
abundance and an alteration in fish composition downstream in the Lower Tocantins 
River that negatively affected small-scale fisheries (Petrere, 1996; Hallwass et al., 
2013). Our results are in agreement with these studies, with a decline in fish 
abundance downstream. Therefore, the alteration in the structure of fish 
communities after the dam may also have a negative effect on local fisheries in this 
river stretch. 
Sites located in the reservoir and transition areas appear to be most affected 
in terms of community structure after 5 years as the difference between the biomass 
and the abundance curves decreases toward zero. With dam closure, the 
longitudinal migration of large fish species is disrupted (Agostinho et al., 2008). 
Barthem et al. (1991), predicted that the life strategies of long-distance migratory 
catfish from the Amazonian basin would be disrupted as hydroelectric dams would 
  
prevent the downstream movements of their eggs, or young, and obstruct the 
upstream migrations, which annually restore their stocks up river. Antonio et al. 
(2007), demonstrated that large migratory species seek to avoid the impounded 
regions in their reproductive period, moving toward upstream as well as downstream 
regions. 
The ABC theory from Warwick (1986), predicts that in undisturbed 
communities, the biomass curve lies above the abundance curve, and k-selected 
species account for most biomass. In moderately disturbed communities, the 
frequency and intensity of disturbance impose sufficient mortality to eliminate the 
larger species with lower population growth rates, and the difference between the 
biomass and the abundance curves decreases toward zero. In grossly disturbed 
communities, the domination of small bodied species increases and the abundance 
curve lies above the biomass curve. During the first year of dam closure, all sites 
were moderately disturbed in accordance with the theory, where the difference 
between numerical and biomass dominants is reduced. After 5 years, reservoir and 
transitions sites were still moderately disturbed according to the non-disturbed 
benchmark of both pre closure assemblages and the idealized theoretical model. 
Downstream sites on the other hand, which were subjected to frequent flow 
disturbances caused by dam operations, appeared to have recovered to a more 
‘stable’ state where a few large species accounted for most of the biomass. These 
results suggest that biomass was possibly allocated to species with different traits 
from the original community. Upstream sites also showed this trend, but in this case, 
they were in a more hydraulically natural environment, beyond the direct influence 
of regulated discharge. 
While diversity indices have been widely applied in impact assessment, the 
comparative analysis presented here highlights the limited information they can 
convey (Barrantes & Sandoval, 2009). As diversity indices respond to both richness 
and evenness, when both parameters change (with a disturbance) a diversity index 
may fail to detect degradation because they summarize ecological information in a 
single dimension (represented by an interval-a number-on a finite or infinite scale). 
Simultaneous change in abundance and richness are not missed by two-
dimensional rank abundance plots. ABC plots extend this principle to simultaneously 
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summarize both abundance and biomass in two dimensions. In consequence, the 
ABC method was sensitive not only to temporal but also to spatial changes in the 
river caused by the presence of the dam. Abundance–biomass comparison curves 
and SADs provide a clear indication of impact without the need of detailed ecological 
knowledge of taxa which provides an advantage in regions like the Neotropics where 
basic ecological knowledge is often inadequate for the type of bioassessment 
methods applied in temperate regions (e.g., Barbour et al., 1999). The more detailed 
information on ecological organization provided by these results is more informative 
than simply reporting a change in species richness. While species extinction 
removes species and their interactions from a community, changes in species 
evenness quantitatively and qualitatively alter interaction (Hillebrand et al., 2008). 
Magurran & Henderson (2012), recently highlighted how processes structuring the 
community cannot be inferred from the distribution of numerical abundance alone 
and that information on biomass provides a critical corollary explaining the allocating 
of resources within fish communities. While the barrier to the migration of large 
species may contribute to the changes in biomass distribution observed in this 
study, it may also have been exacerbated by secondary impacts such as fishing. 
Previous studies have demonstrated how fishing pressures can lead to a decrease 
in large fish (e.g., Anderson et al., 2011; Layman & Winemiller, 2005). Garavello et 
al. (2010) reported that large-sized species (>40 cm ST; e.g., Prochilodus nigricans 
and Zungaro zungaro) accounted for 20% total fish catch in the Middle Tocantins 
River. The authors also noticed a reduction in fish abundance coincident with the 
decrease of commercially important large species after the construction of Tucuruí 
Dam, and the most frequently caught species were subsequently medium sized fish 
(>20 cm ST; e.g., Semaprochilodus brama and Cichla spp.). If both the effects of 
damming and fisheries act together to reduce the abundance of large fish, the 
consequences for fish communities, ecological functioning and ecosystems 
services to humans could be further damaging. The simultaneous changes in both 
species composition and biomass distribution were indicative of consequent 
changes in ecosystem function and may have direct implications for the lotic food 
web and associated ecological networks (Chapin et al., 2000; Schmitz, 2006; Taylor 
et al., 2006). A change in ecological interactions can influence ecosystem process 
  
by directly modifying the abundance of species that mediate the uptake and transfer 




Our study demonstrates that simple descriptors of community organization like 
ABC curves and SADs can be valuable tools to elucidate the consequences to 
community structure and function after damming in a species-rich ecosystem 
despite the lack of detailed knowledge of fish assemblages. Ecological change was 
most clearly shown by the ABC curves where proportionate contribution by smaller 
individuals significantly increased relative to larger individuals. These changes were 
demonstrated in both spatial and temporal contexts with ABC proving more 
informative than traditional diversity indices. These results show the importance of 
considering multiple dimensions of ecological diversity in assessing the impact of 
human actions. Considering species loss alone (decreased number of species) is 
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Damming is one of the main causes of the global decline in freshwater 
biodiversity. Yet, many hydroelectric dams are being built (or planned) in the 
Neotropics, where the high species diversity and lack of basic ecological knowledge 
provides a major obstacle to understanding the effects of this environmental change. 
The ecological consequences of damming have been mostly described from the 
perspective of taxonomic change. However, this approach does not account for 
biological function. Trait-based analysis provides an alternative approach to 
bioassessment. We assessed the impact of dam closure on the functional structure 
of fish communities of a Neotropical river by applying trait-based analyses to the 
response of individual traits aggregated at the assemblage level. Fish data were 
collected during three distinct time periods (one year before, one year after and five 
years after dam closure), at eight sites located downstream of the dam, in the 
reservoir, transition zone and upstream. Individual traits showed a marked response 
to dam closure indicating a change in the functional structure of fish communities, 
with the response of downstream assemblages differing from assemblages 
upstream of the dam. This study illustrates that taxonomic changes alone might not 
be sufficient to determine the extent of the ecological impact and that a trait-based 
assessment can contribute towards a more accurate evaluation of the response of 
fish communities to river damming. 
 




Dams constitute complex disturbances to riverine systems, altering habitat 
both upstream and down-stream of the dam within the stream network (Poff & 
Zimmerman, 2010; Webb et al., 2013; Cooper et al., 2016). By altering the physical-
chemical characteristics of lotic environments (i.e., inundation of terrestrial areas, 
increased anoxia and sedimentation in the reservoir and decreased flow), it lowers 
the diversity of structural features for fish and other aquatic organisms, resulting in 
  
a loss of biodiversity (Poff & Zimmerman, 2010; Webb et al., 2013). Large dams 
block fish migrations that connect populations and enable species to complete their 
life cycles (Winemiller et al., 2016). This may be particularly devastating to tropical 
river fisheries, where many high-value species migrate hundreds of kilometers in 
response to seasonal flood pulses and have specific habitat requirements 
(Agostinho et al., 2008; Pelicice et al., 2014). 
Although recent work has provided important understanding to the phenomena 
of damming in tropical rivers from the perspective of taxonomic changes in species 
diversity (Agostinho et al., 2004, 2008; Petesse & Petrere, 2012), lack of ecological 
knowledge can limit an assessment of ecological consequences (e.g., ecosystem 
processes). Increased ecological knowledge can be used to predict fish distributions 
and invasion success in relation to hydrologic alterations (Olden et al., 2006), and 
the application in managing impacted rivers by introduced species (García-Berthou, 
2007). Studies on the consequences of damming for the functional structure of fish 
communities in tropical areas are still scarce and have mostly focused on trophic 
guilds (de Mérona & Vigouroux, 2009; Delariva et al., 2013; Gandini et al., 2014). 
This is especially alarming in South America, (Marques et al., 2009) where most 
large rivers have been modified to some extent by large hydroelectric dams (Araújo 
et al., 2013) and the construction of many more are planned (Marques et al., 2009; 
Finer & Jenkins, 2012).  
Recently, many studies have highlighted the importance of trait-based 
analysis, rather than taxonomic metrics (i.e., abundance and richness) to explain 
changes in aquatic communities (Villéger et al., 2010; Buisson et al., 2013; Mouillot 
et al., 2013). Functional traits are defined as biological attributes that influence 
organism performance (Violle et al., 2007). It is assumed that species that occupy 
similar environmental niches will be characterized by similar traits (Southwood, 
1977; Henle et al., 2004). Advances in the application of species traits to assess the 
functional structure of communities, have provided an alternative approach to 
assess the consequences of environmental disturbance (Mouillot et al., 2013). 
Mouillot et al. (2013), demonstrated that trait based metrics can provide advanced 
warning of disturbance to ecosystems because they can register ecological change 
prior to species loss. They can also be used to infer how diversity responds to 
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environmental stress or disturbance (e.g., dams) by focusing on specific traits such 
as migration and life history specifications (Norberg et al., 2001). Trait-based metrics 
can be used to diagnose the cause of impairment by linking suits of traits to stressors 
through plausible cause and effect mechanisms (e.g. Mouchet et al., 2010; Ricotta 
& Moretti, 2011). However, the selection of traits that allow the prediction of spatial 
and temporal changes in assemblages with environmental variation is currently 
limited by the availability of data on the species’ ecology (Frimpong & Angermeier, 
2010).  
Many studies have suggested that the range and distribution of values within 
a single trait provides a more informative perspective of the relationship between 
community structure and ecosystem functioning (e.g., Garnier et al., 2004; Leps et 
al., 2006; Ricotta & Moretti, 2011). The Community-weighted mean trait value 
(CWM), proposed by Garnier et al. (2004), is a summary of the functional 
composition of single traits of a given species assemblage and is computed by 
calculating the average of respective trait values, weighted by the relative 
abundances of each species. It can be used to summarize shifts in mean trait values 
within communities due to environmental selection for certain functional traits 
(Ricotta & Moretti, 2011). The concept of bioassessment via the measurement of 
trait diversity is based on the assumption that greater differences between the 
diversity of species traits represent greater trait complementarily and a larger 
functional diversity (Petchey & Gaston, 2002). More functionally diverse ecosystems 
are considered better able to respond to environmental stress (Mouillot et al., 2013). 
Therefore, if damming reduces functional diversity, this approach could represent a 
useful form of assessment that highlights a decrease in resilience and a system that 
is more vulnerable to subsequent stressors.  
The Tocantins River is a highly diverse system located in the Amazon basin 
where plans for the construction of many new hydroelectric dams are being 
implemented (Agostinho et al., 2009); it can be considered as representative of 
other neotropical river systems where similar scenarios are occurring (Marques et 
al., 2009; Finer & Jenkins, 2012). Considering the ecological importance of these 
Neotropical river systems, additional knowledge on the consequences of damming 
for fish communities from a functional perspective is an urgent necessity. Few 
  
studies have investigated how damming influences the functional structure and 
diversity of Neotropical fish assemblages using multiple traits, especially including 
data from before dam closure. Here we investigated how damming influenced the 
functional structure of the fish communities from the Tocantins River by using a trait-
based approach. Specifically we compared fish assemblages before and after dam 
closure to evaluate the effects of damming on their functional structure with respect 
to (i) space – the longitudinal gradient in fish functional structure that were 
differentially affected by habitat change immediately downstream of the dam, in the 
reservoir, in the transition zone and upstream of the reservoir; and (ii) time - the 





5.2.1 Study area 
 
Survey sites were chosen accordingly to a standardized procedure defined 
by the fish monitoring programs followed in this region, where sites were 
representative of the distinct river stretches expected to be differently affected by 
dam closure (Thornton et al., 1981).  Eight permanent sampling sites were defined 
along the Tocantins River reach affected by Peixe Angical Dam (~95 km; Figure 
3.1): Downstream – Rio Tocantins Jusante (1), located immediately downstream 
from the dam; and Rio das Almas (2), located in a tributary; Reservoir – Rio 
Tocantins Montante (3) and Rio Tocantins Santa Cruz (4) both located where the 
reservoir was formed; Transition – Rio Tocantins Traçadal (5) and Rio Maranhão 
Retiro (6) located in a transition zone between the reservoir and the river upstream; 
and Upstream – Rio Paranã Areia (7) and Rio Palmas Corrente (8), located above 






5.2.2 Fish surveys 
 
Ecological surveys were conducted monthly during three periods: before dam 
closure (from October 2004 to September 2005 – before), one year after dam 
closure (from October 2006 to September 2007 – after 1 year) and five years after 
dam closure (from February 2011 to January 2012 – after 5 years). For each time 
period, both seasons (wet and dry) characteristic of this region were sampled. 
According to (Agostinho et al., 2008), the first year after dam closure is an initial 
period of potential high productivity and environmental instability, therefore it was 
chosen to be analyzed separately. The ecological consequences identified during 
this period do not usually reflect alterations that occur further in time (Lima et al., 
2015a; Lima et al., 2015b). Five years on and the detrimental effects from the 
taxonomic perspective are similar to those reported in other studies in a longer term 
(Agostinho et al., 2008; Lima et al., 2015a). Therefore, we aimed to test how the 
functional structure of fish communities is affected in the same time periods. 
At each site a combination of 12 gill nets of incremental mesh size were used 
(2.4, 3, 4, 5, 6, 7, 8, 9, 10, 12, 14 and 16 cm mesh size). Nets were deployed for a 
period of 24h hours and emptied at 8h, 16h and 22h when individuals were identified 
and counted (abundance). In order to catch larger individuals in deep water areas a 
system of longlines with 40 baited hooks were employed together with a traditional 
method called “pindá” consisting of five wooden rods with a line, a hook and fish 
bait. The combination of gill nets was installed close to the shore during the three 
time periods (before, after 1 and after 5) at each sampling site. At the reservoir and 
transition areas (sites 3, 4, 5 and 6, respectively) an additional suite of nets were 
deployed following dam closure to sample fishes from both benthic and pelagic 
habitats (in the comparatively shallow water prior to dam closure this habitat 
coverage was achieved with a single suite of nets). 
 
5.2.3 Traits and trait categories 
 
Generally, changes in the hydrological cycle created by dams appear 
strongly associated with life-history strategies (Mims & Olden 2013), thermal 
  
preference (Olden & Naiman 2010) and migratory behavior (Pelicice et al., 2014) of 
fish. However, in contrast to temperate systems, in the Neotropics knowledge of 
specific traits associated with habitat alteration caused by dam closure are not 
available for the majority of species due to the lack of studies and the high diversity 
of these systems. Therefore, there was an a priori limitation on the trait information 
for the current study. The choice of traits to be tested was therefore a consequence 
of data availability and previously described responses to habitat alterations related 
to damming (i.e., Vasconcelos, Alves & Gomes (2014) – reproduction and 
preference for lotic current; Albrecht (2005) – feeding diet; McManamay & Frimpong 
(2015) – life history; Pelicice, Pompeu & Agostinho (2014) – migration). 
Fish traits were described according to six trait classes represented by twenty 
categories, including behavioral, life-history and ecological aspects (Table 5.1). Trait 
categories expressed by each taxa were obtained from the literature and defined as 
the following:  
Origin - Taxa were classified into two categories based on their origin: native 
- taxa that naturally occur in the Amazonian basin; introduced - not originally from 
the Amazonian basin and introduced intentionally or accidentally. This classification 
was based on the work of Agostinho et al., (2009) and Fishbase (Froese & Pauly, 
2016). 
Reproduction - Taxa were classified into four categories according to their 
migratory behaviors for spawning, fertilization and parental care: (1) long-distance 
migrants with external fertilization, but without parental care (LME), (2) non-migrants 
or short-distance migrants with external fertilization, but without parental care 
(NEW), (3) non-migrants or short-distance migrants with external fertilization and 
parental care (NEP) and (4) non-migrants or short-distance migrants with internal 
fertilization, but without parental care (NIF). This classification was based on the 
classification proposed by Suzuki et al., (2004), adapted by Vasconcelos et al., 
(2014) and complemented by the classification used by Agostinho et al., (2009) and 
(Ruffino & Isaac, 1995).   
Habitat use - Taxa were classified into three categories considering their 
habitat use: benthic – occur mainly close to the substrate; pelagic – occur mainly in 
the pelagic area of the river and benthopelagic – live and feeding near the bottom 
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as well as in midwaters or near the surface. This classification was based on the 
information from Fishbase (Froese & Pauly, 2016).  
Preference for lotic current - Taxa were classified according to their 
preference for lotic current (yes and no) as dam’s construction alters aquatic 
habitats that are essential to some fish to complete their life cycle. The classification 
was based on Vasconcelos et al., (2014); Santos et al., (2006); Reis & Lima, (2009); 
and Fishbase (Froese & Pauly, 2016).  
Feeding diet - Taxa were classified into feeding diet categories mainly 
according to  Albrecht (2005), where six categories were defined and species were 
categorized based on a predominance (more than 40%) of a food type in their diet: 
detritivore – predominance of sediments, associated organisms and organic matter; 
invertivore – predominance of immature and adult insects; piscivore – 
predominance of fish including blood, scale and body parts;  herbivore – 
predominance of  vegetable matter including algae, seeds, fruits and leaves; 
planktivore – predominance of planktonic microcustaceans; omnivore – similar 
proportions of animal and vegetable items. This information was complemented by 
the work of Vitorino Jr., (2012), Mérona et al., (2001) and Mérona et al., (2003).  
Life-history - Three traits were measured as continuous variables: maximum 
body length (cm), length at first maturity (cm) and lifespan (years). This classification 
was based on the information from Fishbase (Froese & Pauly, 2016). 
Where species traits were unknown, classification was based on congeneric 
taxa (Appendix III - Table 8.4). All traits were expressed as binary factors (i.e. 1/0), 
except life-history traits, which were expressed as a continuous variable. This 
circumvents the problem of arbitrary weighting of particular parameters by keeping 









Table 5.1 - Description of six functional traits and twenty trait categories used to characterize fish 
species with their respective codes. 








LME, NEW, NEP, NIF 
Habitat use 
 
benthic, pelagic, benthopelagic 









Length 1st mat (cm) 
Lifespan (years) 
 
1.5 – 140.5 
0.9 – 72.3 
1 – 26.3 
 
LME - long-distance migrants with external fertilization, but without parental care  
NEW - non-migrants or short-distance migrants with external fertilization, but without  
NEP - non-migrants or short-distance migrants with external fertilization and parental  
NIF - non-migrants or short-distance migrants with internal fertilization, but without parental care 
Length 1st mat – length at first maturity 
MAXBL – maximum body length 
 
5.2.4 Data analysis 
 
Abundance data were represented by the catch per unit effort (CPUE) 
expressed as individuals/100m2 of net/24h. To analyze if sampling efforts were 
sufficient to characterize fish assemblages in each sampling site for the three time 
periods considered, rarefaction curves were performed (Ugland et al., 2003) and the 
results are presented in the Appendix III – Figure 1. To analyze the range and 
distribution of values within single traits Community-weighted means of trait values 
(CWMs) were calculated for each sampling site based on species relative 









where CWM is the community-weighted mean value of a given functional trait, pi is 
the relative abundance of species i (i = 1, 2, …, S), and xi is the trait value for species 
i. CWM is a measure of central tendency and used in order to unravel relevant traits 
from less relevant ones and to quantify the ability of various functional traits to 
summarize the relationships between community structure and ecosystem 
functioning (Lavorel & Garnier, 2002; Leps et al., 2006; Lavorel et al., 2007). 
The multicollinearity of traits was tested by contingency tables for qualitative 
variables and correlation matrices for quantitative variables. The Variance Inflation 
Factors (VIF) was used to quantify how much the variance of the coefficient estimate 
is being inflated by multicollinearity (Dormann et al., 2013). This allowed the 
identification of autocorrelated traits that were removed from the analysis to avoid 
under or overestimation of functional diversity (Petchey & Gaston, 2006).  
Before the application of any parametric statistical analysis, normality and 
homogeneity of variances were tested for each variable, using Shapiro–Wilk W-
statistic and the Levene test, respectively. Whenever normality and homogeneity of 
variance assumptions were not met, an equivalent non-parametric test was 
performed.  To analyze the response of specific traits to the habitat change 
associated with dam closure (before, after 1 year and after 5 years) in respective 
locations (Downstream, Reservoir, Transition and Upstream), categorical variables 
were assessed by the Kruskal-Wallis test followed by a post-hoc pairwise test for 
multiple comparisons of mean rank sums (Nemenyi-test) which applies a family-
wise error method to control Type I error inflation.   
A non-metric multidimensional scaling analysis (nMDS) based on Bray –
Curtis distance of CWMs values that were significantly different between time 
periods was performed for each location (Downstream, Reservoir, Transition and 
Upstream) to compare the functional structure of fish communities after dam 
closure. An analysis of similarities (ANOSIM) was used to test for a significant 
difference between the groups defined by the different time periods (before, after 1 
years and after 5 years).  
To test how combinations of traits drive differences in abundance (CPUE) of 
different species in a spatial-temporal context after dam closure a Poisson 
  
regression model was used (Venables & Ripley, 2002). A stepwise regression 
(forward, backward and bidirectional) was applied to reduce the model based on 
AIC and Deviance criteria (Faraway, 2006). In case of departures from 
equidispersion (equality of mean and variance) as overdispersion (variance is 
greater than the mean) the model was adjusted by a negative binomial regression 
model (Faraway, 2006) given by: 
 
log λi = β0 + β1 xi1 + β2 xi2 ...βk xik σεi 
 
where λi is the expected value of the outcome variable yi for subject i, xi are the 
independent variables with corresponding regression coefficients βn, and σεi is the 
disturbance term. Corrections to the scale of the non-discrete covariables Lifespan 
and MAXBL were applied. The reference terms for the qualitative variables were: 
“Before”, “Upstream”, “NEW”, “benthopelagic” and “omnivore”. The global model 
adjustment (goodness-of-fit) was calculated by the psedou-R2 and Deviance (D) 
test. 
Statistics and graphics were computed using R version 3.1.2 (R. 
Development Core Team 2012). Kruskall–Wallis tests were performed using STATS 
package; post hoc Nemenyi-test was performed using PMCMR package (Pohlert, 
T., 2014), CMWs was performed using FD package in R (Laliberté et al., 2014), 
nMDS and ANOSIM were performed using VEGAN package; the Poisson and the 





A total of 69343 individuals representing 260 fish species were recorded. The 
only two introduced species observed during the study (Colossoma macropomum 
and Piaractus mesopotamicus) were captured at the Reservoir and Transition sites 
after five years of dam closure. The number of individuals were, however, very low. 
Results from the rarefaction curves indicate that additional samplings would likely 
yield only few additional species (Ugland et al., 2003). Therefore sampling efforts 
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were considered sufficient to characterize fish assemblages from the three time 
periods in each site (Appendix III – Figure 1).  
Multicollinearity was associated with the trait categories maximum body length 
(MAXBL) and length at first maturity (Length 1st mat). Consequently, for the 
subsequent analysis we eliminated the category length at first maturity. 
The trait categories reproduction (LME, NEW, NEP and NIF), Habitat use 
(benthic and pelagic), Feeding diet (detritivore and piscivore), Current preference 
for lotic current and Maximum body length (MAXBL), demonstrated the greatest 
differences between time periods (Table 5.2). Selected trait categories that 
presented significant changes are displayed in Figure.5.1. LME species significantly 
decreased after five years of dam closure in all locations ith the exception of 
Upstream, while NEW species increased in all locations with the exception of 
Transition. NEP species were significantly lower at the Reservoir and Upstream 
after five years, while NIF species increased at Transition and Upstream. Benthic 
species decreased and pelagic species increased in general. Detritivores decreased 
in all locations while piscivores increased with the exception of Upstream sites. The 
results from the post hoc pairwise test for multiple comparisons of mean rank sums 
(Nemenyi-test) between time periods for each trait category are shown in Appendix 















Table 5.2 - Results from the Kruskall-Wallis test between time periods for each trait category in all 
four locations (Downstream, Reservoir, Transition and Upstream). Significant values are marked in 
bold. The results from the post hoc pairwise test for multiple comparisons of mean rank sums 
(Nemenyi-test) between time periods (before, after 1 years and after 5 years) for each trait category 
are shown at the Appendix III - Table 8.6. 











Origin introduced 4.05 0.13 4.01 0.14 2.00 0.39 - - 
Reproduction 
LME 39.93 <0.001 9.28 0.01 8.39 0.03 1.13 0.59 
NEP 29.20 <0.001 19.45 <0.001 3.52 0.17 21.36 <0.001 
NEW 9.89 <0.01 21.05 <0.01 12.23 <0.001 8.20 0.02 
NIF 0.57 0.75 2.62 0.27 35.64 <0.001 7.17 0.03 
Habitat use 
benpel 7.20 0.03 16.77 <0.001 4.53 0.10 1.55 0.46 
benthic 16.50 <0.001 38.42 <0.001 24.08 <0.001 24.80 <0.001 
pelagic 4.35 0.11 6.51 0.03 35.64 <0.001 16.30 <0.001 
Preference for 
lotic current 
no 3.13 0.20 18.84 <0.001 2.35 0.31 7.02 0.03 
yes 15.57 <0.001 8.95 0.01 4.45 0.11 3.06 0.21 
Feeding diet 
detritivore 27.85 <0.001 28.83 <0.001 28.59 <0.001 24.56 <0.001 
herbivore 1.46 0.48 20.02 <0.001 1.25 0.53 6.63 0.05 
invertrivore 1.63 0.44 5.43 0.06 16.80 <0.001 5.44 0.07 
omnivore 0.65 0.06 2.04 0.36 6.75 0.04 13.72 0.001 
piscivore 23.99 <0.001 14.02 <0.01 23.90 <0.001 2.55 0.30 
planktivore 0.002 0.99 8.98 0.02 6.54 0.05 5.67 0.07 
Life history 
MAXBL 2.08 0.35 12.55 0.002 5.00 0.08 0.72 0.70 




Figure 5.1 - CWMs values of selected traits categories (Reproduction – NEW and NEP; Habitat preference – benthic and pelagic; Feeding diet – detritivore 
and piscivore) for each location (Downstream, Reservoir, Transition and Upstream) between the time periods analyzed (before, after 1 years and after 5 
years of dam closure). 
  
The nMDS ordinations identified 3 main groups for all locations (Downstream, 
Reservoir, Transition and Upstream) according to time periods (before, after 1 year 
and after 5 years; Figure 5.2). Stress values were generally close to 0.2, with the 
exception of Upstream (stress=0.13).  The results from the ANOSIM showed that 
the 3 groups formed were significantly different for all locations (Downstream: 
R=0.46, p-value=0.001; Reservoir: R=0.11, p-value=0.001; Transition: R=0.41, p-
value=0.001; Upstream: R=0.31, p-value=0.001). 
 
 
Figure 5.2 – Nonmetric multidimensional scaling (nMDS) ordinations of community weighted means 




The Poisson regression model showed a dispersion parameter >20 and 
negative binomial regression model was applied. The dispersion parameter for this 
analysis was close to 1 (d.p.=1.21). Residual deviance analysis identified 25 outliers 
however, none were confirmed as an influential observation. The results from the 
“best” negative binomial regression model (pseudo-R2=0.320) and the Deviance 
(D=8969.737) indicated that trait combinations explained 32% of the variability in 
fish abundance after dam closure (Table 5.3). The most significant traits that 
contributed to the explained variation are summarized in Table 5.4 
Table 5.3 – Main results for the “best” negative binomial regression model adjustment. 
Deviance Residuals 
Min 1Q Median 3Q Max    
-2.4065 -1.1139 -0.6517 -0.049 9.0825    
Model Parameters 






parameter (θ) Std. Err 
log-
likelihood 
15589 8768 10605 8751 1 0.65672 0.00846 -106194.68 
 
Table 5.4 – Coefficients for the “best” negative binomial regression model. 
Covariate βi exp(βi) Std. Error z value Pr(>|z|)  
(Intercept) 4.792703 120.62698 0.048749 98.315 < 2e-16 *** 
Location 
(Downstream) 




1.419343 4.1344032 0.03938 36.042 < 2e-16 *** 
Location 
(Transition) 
-0.437684 0.6455297 0.038869 -11.26 < 2e-16 *** 
 
Time (after 1) 
0.434063 1.5435161 0.030562 14.203 < 2e-16 *** 
 
Time (after 5) 
-0.397924 0.6717131 0.037522 -10.605 < 2e-16 *** 
 
MAXBL 
-0.002745 0.9972588 0.001053 -2.607 0.00915 ** 
 
Lifespan 
-0.007089 0.9929361 0.004521 -1.568 0.11682  
 
Rep. (LME) 
0.170012 1.1853191 0.035356 4.809 1.52E-06 *** 
 
Rep. (NEP) 
-0.022857 0.9774022 0.036377 -0.628 0.52978  
 
Rep. (NIF) 












-0.131435 0.8768363 0.045642 -2.88 0.00398 ** 
 0.001544 1.0015452 0.040214 0.038 0.96937  
  














0.45982 1.5837889 0.203133 2.264 0.0236 * 
 
5.4 Discussion  
 
The results demonstrate that response of fish communities to dam closure can 
also be measured from a functional perspective by using fish traits. Specific trait 
categories showed a marked response in relation to dam closure in a spatial-
temporal context. They emphasize that taxonomic changes alone might not be 
sufficient to determine the extent of impacts as the information on the loss of species 
alone is not informative of the ecological causes that led to the colonization of the 
newly formed habitats by fish communities.  
The patterns observed from the analysis of the changes in individual traits are 
consistent with the transformation that usually occurs after damming and the 
creation of a longitudinal gradient from Upstream to Downstream of the dam 
(Agostinho et al., 2008).  In the Reservoir, the decrease in lotic species that could 
not survive in the new lentic habitat has been well-documented in previous studies 
(Hoeinghaus et al., 2007; Agostinho et al., 2015). As a consequence of a higher 
food availability in the first year following dam closure (Agostinho et al., 2008; Lima 
et al., 2015b), many species tends to colonize this habitat, contributing to a decrease 
in species maximum body length (MAXBL). After five years, intensive fishing that 
target larger species might also contribute to the decrease of species with higher 
maximum body size. The habitat conditions that permit parental care at the 
Reservoir were also suppressed by the inaccessibility of the bottom, as this habitat 
becomes flooded and deeper (Agostinho et al., 2008). Therefore, there was a 
decrease in egg-depositors like cichlids and catfish that care for their eggs by 
building nests in the sediment and defending them from predators (Balon, 1981), or 
by hiding the eggs in caves or wood (Sabaj et al., 1999). Also, some benthic species 
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were almost absent after five years of dam closure and NEP and detritivore species 
also decreased. In contrast, pelagic, piscivorous, non-migrants and short-distance 
migrants with no parental care (NEW) species increased. The first 2 traits categories 
were related to the creation of favorable foraging conditions in the clearer, open 
waters and an increase in prey availability (Agostinho et al., 2008). The lack of 
parental care and migratory behavior reflect their lower dependence on flood 
regimes for reproduction and their quick adaptation to new environments (Suzuki et 
al., 2004). Non-specific reproductive requirements facilitates the occupation of the 
most conspicuous habitat in a large reservoir (open areas) and results in higher 
success in the colonization of the new environment (Agostinho et al., 2008). 
Migratory species (LME) decreased, reflecting the blockage of fish migration by the 
dam. 
At Transition sites, the response of the individual fish traits was similar to that 
observed in the Reservoir, but was generally less pronounced. After 5 years, NEP, 
benthic and detritivore species showed a minor increases, although not reaching 
values similar to those before dam closure. Also, contrary to the other locations, 
there was no significant difference in current preferences.  
In Upstream sites a decrease in NEP, benthic and detritivore species was also 
observed.  In parallel to the results from (Lima et al., 2015a) where Upstream sites 
showed a decrease in abundance and diversity after 5 years of dam closure, 
changes to the functional structure of fish communities in this stretch of the river are 
probably related to other perturbation to the river regime, such as the construction 
of other dams upstream and the regulations of its main tributaries (Lima et al., 
2015a).  
Downstream, during the first year after dam closure there was an increase in 
migratory species (LME) close to the dam wall. However, after 5 years there was a 
decrease in values to levels lower than before dam closure. Initially after dam 
closure, large migratory species tend to accumulate in the tail waters of the dam 
(Lima et al., 2015a, 2015b). However in a longer term they are more exposed to 
predation and increased fishing (Agostinho et al., 2007), which result in their 
decrease after 5 years. In contrast there was an increase in non-migratory species 
(NEW). Species that require parental care (NEP) initially decreased as a result of 
  
the instability (i.e., the environmental conditions created by dam closure and the 
beginning of dam operations) created during the first year after dam closure in the 
flow regime Downstream from the dam, which probably resulted in the alteration in 
substrate quality. The increase in prey availability during the first year also is a factor 
associated with piscivorous species that increased in this location after dam closure.  
Our results suggest that the construction of Peixe Angical Dam modified the 
functional structure of fish communities in both space and time (nMDS results and 
regression model). Although changes in the spatial distribution of fish communities 
have been reported for many Neotropical dams (Agostinho et al., 2008; Hoeinghaus 
et al., 2009; Araújo et al., 2013), the metrics used to assess such impacts have been 
mostly based on taxonomic perspectives. Therefore, these results are a first step 
toward the direction of a broader knowledge of the real extent of damming impacts 
on fish communities. The regression analysis confirmed that Peixe Angical Dam 
modified the longitudinal gradient of the Tocantins River for fish communities and 
that the colonization of the new habitat depends not only on individual traits but on 
the combination of traits related to fish maximum size, migration, reproduction 
(occurrence of parental care), habitat use (benthic) and feeding habits (detritivore, 
invertivore, herbivore and planktivore). However, it is important to refer that the fact 
that the model only explained 32% of the data variability, probably meaning that the 
studied trait categories and the formation of new fish communities do not have a 
clear direct relationship. This may result from the fact that tropical fish species show 
some plasticity to environmental change, especially in their feeding habits 
(Agostinho et al., 2008). It is also important to notice that other trait categories might 
mediate the impact of dam closure on fish communities that could not be included 
in our analysis due to the lack of information on the ecology of tropical fish species 
and the high variability on the river system.  For example, some Neotropical species 
have morphological adaptations to lacustrine environments that enable them to 
occupy the pelagic areas of reservoir because they have a particular body shape, 
swimming ability, and appropriate orientation of the mouth and eyes (Agostinho et 
al., 1999). Also, other reproductive traits like fecundity, spawning habitat 
preferences, reproductive timing and adhesive eggs probably play a key role in the 
colonization processes after dam closure and in the subsequent years, as these 
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characteristics have been linked to the dams impacts in other non-tropical systems 
(e.g. (Mims et al., 2010; Alexandre et al., 2013). Therefore, further studies to 
address these issues would greatly benefit ecological understanding and the 
consequent management of dams in tropical rivers (Garnier et al., 2004; Leps et al., 
2006; Petchey & Gaston, 2006; Lavorel et al., 2007; Ricotta & Moretti, 2011). These 
studies should be first directed to the analysis of each trait’s individual plasticity to 




Most studies on the impact of Neotropical dams are only based on taxonomic 
metrics. Here we demonstrate that the functional structure of fish communities is 
also affected and that the spatial-temporal context created by the dam plays a key 
role in the process of functional change. These results are in accordance to other 
studies where a change in functional diversity associated with anthropogenic 
disturbance has been observed (Ernst et al., 2006; Mouillot et al., 2013).Therefore, 
a trait-based analysis to the impact of damming on the fish community appears to 
be a promising approach. If we view damming as a modifier of local environmental 
filters and understand functional traits associated with those filters, it is possible to 
use monitoring to identify missing ecosystem functions, to implement mitigation 
measures to modify specific environmental filters and to maximize the functionality 
and diversity of the river and improve post damming ecological management. Peixe 
Angical Dam is included in a cascade-reservoir system where there are plans to 
construct many other dams. It is therefore crucial that the impact of dams on fish 
communities are understood if our aim is to develop sustainable options for river 
management. Studies conducted over an extended period of time and in other 
tropical dammed rivers are necessary to observe if these changes are consistent 
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Chapter 6. Integrating taxonomic and trait 
analyses to assess the impact of damming 
on fish communities in a northern cold 
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Dams are considered one of the most important threats to freshwater 
ecosystems. To date assessments of the impact of riverine impoundments are 
based primarily on taxonomic approaches where little can be inferred about 
functional ecological change. We assessed the impact of damming in a cold region 
river fish community in Alberta, Canada by integrating taxonomic and trait-based 
approaches over time (before, during the first 5 years, and after 5 years of dam 
construction), considering the longitudinal habitat and environmental change 
created by reservoir formation (downstream, reservoir and upstream). Integrating 
both approaches was found to be informative as alterations to taxonomic 
composition in fish communities provided initial clues to a functional response in a 
temporal-spatial context. Biomonitoring should therefore explicitly consider 
longitudinal spatial gradients in the design, implementation and evaluation of 
management actions. Understanding the underlying environmental causes of why 
the combination of some traits are connected to the risk of species loss or a decline 
in their distribution is an important step towards the development of  better 
conservation and mitigation strategies. 
 





Historically, dams, and the water reservoirs they create, have been viewed as 
a benefit to society (Baxter, 1977, Nilsson et al., 2005). However, in the last decade, 
a wide range of studies have demonstrated that dams cause considerable 
ecological damage by creating impossible barriers to fish migrations, habitat 
degradation and changes to water quality (Olden & Naiman, 2010, Poff & 
Zimmerman, 2010, Liermann et al., 2012, Webb et al., 2013). Changes to the 
disturbance regime of natural rivers are linked to the losses of native species if they 
lack specific biotic adaptations to the new environment (Mims & Olden, 2013).  
  
It is assumed that in the face of environmental change, species that display 
similar niches with respect to multiple environmental factors respond in similar 
fashion (Southwood, 1977; Henle et al., 2004). Advances in the application of 
species traits to analyse the functional structure of communities have provided an 
alternative approach to assess the consequences of multiple disturbances (Mouillot 
et al., 2013). In the common biomonitoring practice, the taxonomic composition of 
communities is employed as an indicator of ecological change, offering limited 
inference about functional change. From a conservation perspective, organisms 
with particular life-history adaptations could be affected by flow-regime modifications 
caused by damming that redistribute extreme flow events to different times of the 
year (Lytle & Poff, 2004). For example, resident salmonids Bull Trout (Salvelinus 
confluentus) and Westslope Cutthroat Trout (Oncorhynchus clarkii lewisi) have 
seasonal and life-stage specific habitat requirements that can be altered by 
modifications to natural flow regime and consequently dams can be detrimental to 
their populations (Muhlfeld et al., 2012).  
Mims & Olden (2012) have linked the three dimensions of flow (variability, 
predictability and seasonality) to the life-history of fish communities from free-flowing 
rivers of the United States. Recently, Mims and Olden (2013) have shown that life-
history composition of freshwater fish assemblages that are built over millennia upon 
particular habitat templates, are significantly altered downstream of dams within a 
few decades. These changes are directional and indicate a filtering by dams for 
some life-histories (i.e., equilibrium strategists) and against other life histories (i.e., 
opportunists). Traits can be therefore potentially be used as an analytical tool to 
predict biotic responses to flow regulation, broadening the understanding of the 
ecological impacts of dams (Mims & Olden, 2013). 
The Oldman River is a cold region system (UNESCO, 2011) that is part of the 
Lower South Saskatchewan River Basin located in the southern part of Alberta, 
Canada (Mitchell, 2001). The average winter temperature ranges from -12.5ºC and 
-8ºC and average summer temperatures are between 14ºC and 16ºC 
(Saskatchewan Environment and Resource Management, 1995). Owing to a highly 
variable flow pattern and time distribution of runoff from the mountainous part of the 
watershed, reservoirs have been built along the Oldman River since the 1950s to 
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regulate the flow and to store water for irrigation (Rock & Mayer, 2006). The effects 
of damming on downstream fish assemblages remain largely unknown. The main 
objective of this study was to analyse how fish assemblages from the Oldman River 
were affected by the construction of the Oldman dam in the short-term (< 5 years 
after dam closure) and longer term (> 5 years after dam operations startup), 
considering the longitudinal gradient in fish assemblages that were differentially 
affected by habitat change downstream of the dam, in the reservoir and upstream 
of the reservoir. Specifically, fish assemblages where compared before and after 
dam operations by two different approaches: (i) traditional taxonomic analyses and 




6.2.1 Study area 
 
The western portion of the Oldman River watershed consists of fescue 
grasslands while the central and eastern portions consist of dryer mixed grass areas 
and some native prairie vegetation (Byrne et al., 2006).  About 33% of the 
watersheds’ land cover is agricultural, 29% is forested and 17% is native vegetation 
(Byrne et al., 2006).  The study area is located in the portion of the watershed which 
includes the mountains (upstream from Oldman River dam) and foothills (reservoir 
and downstream locations) sub-basins. The topography of the former area has 
limited intensive agriculture and large municipalities, while the latter is characterized 
by highly productive grasslands (Willms & Chanasyk, 2006). The Oldman River 
headwaters occur in a glacial montane ecoregion in the Livingstone Range of the 
Rocky Mountains where coniferous trees are dominant (Romanuk et al., 2006). Over 
70% of the water supply in the Oldman Basin is derived from the annual snowpack 
(Byrne et al., 2006). The Oldman River has a total length of 362 km, a drainage area 
of 26,700 km² and its mean discharge is 95 m³/s (Mitchell, 2001).  The Oldman dam 
was completed in 1991 to supply water for irrigation (Mitchell, 2001). The reservoir 
is located about 10 km north of Pincher Creek and 10 km west of Brocket (Figure 
6.1) and is located in the semi-arid grasslands near the foothills of the Rocky 
  
Mountains. The reservoir inundates 12 km of the mainstream Oldman River and 5 
km of the north fork of the Oldman River; 12 km of the Castle River; and 7.5 km of 
the Crowsnest River. The dam face has a maximum height of 76 m above the 
original riverbed; the crest is 1200 m in length and the maximum depth of the 





Figure 6.1 - Location of the study area: a – Canada, Alberta; b – Oldman River. Sampling sites 
locations: Downstream (D1 and D2); Reservoir (R) and Upstream (U): U1 and U2; GS1 - Gauge 




6.2.2 Fish surveys 
 
Surveys sites were chosen within the Oldman River and the Crowsnest River, 
in the reaches affected by the construction of the Oldman River Dam. Sampling sites 
were obtained from the Fisheries and Wildlife Management Information System 
(FWMIS) available from the Government of Alberta's Fisheries and Wildlife 
database (Sustainable Resource Development Alberta, 2015). In order to assess 
the impact of damming in fish assemblages four different areas were defined with 
reference to the location of the dam: Downstream - an area that included 20 km 
immediately downstream of the dam face (D1); a second downstream reach 50-70 
km below the dam face, covering another stretch of 20 km (D2); Upstream - the first 
20 km upstream from the reservoir along the Oldman River (U1) and the first 20 km 
upstream from the reservoir along the Crowsnest River (U2) that were combined  to 
provide a more robust statistical analysis (U); Reservoir - included all the area of the 
reservoir (R) (Figure 6.1). Only sites sampled by electrofishing (backpack and boat) 
were considered, with the exception of the Reservoir where samples from gill nets 
were also included, as it was the only method applied after dam closure. Only 
intermediate and adults individuals were included in the analysis. In order to assess 
the impact of dam closure with respect to time, data were classified accordingly to 
3 time periods: before dam closure (before); during the initial period of potential high 
productivity and environmental instability (Agostinho et al., 2008) considered as the 
first 5 years after dam closure (< 5 yrs); and after 5 years of dam closure (> 5 yrs) 
(Table 6.1). Because there were gaps on the information and differences in 
sampling methods, we have used relative abundances on untransformed data. 
 
Table 6.1- Description of the sampling points, date and survey type of for each location (Reservoir, 
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6.2.3 Flow data 
 
Pre- and post-impoundment daily flow records were obtained from the Water 
Survey of Canada webpage (Water Survey of Canada, 2015) hydrometric gauging 
stations for 2 locations: Downstream (GS1) - Gauge station 05AA024; Upstream 
(GS2) – Gauge station 05AA008 (Figure 6.1). 
 
6.2.4 Traits and trait categories 
 
Fish traits were obtained from a comprehensive database for freshwater 
fishes of the United States and Canada synthesized from various literature, agency, 
and expert accounts (Scott & Crossman, 1973; Balon, 1981; Coker et al., 2001, 
Mims et al., 2010; Froese & Pauly, 2015). Shape-factor and swimming factor were 
classified according to (Poff & Allan, 1995). Conservation Status was based on the 
List of Endangered and Threatened species currently listed under Alberta’s Wildlife 
Act and other species assessed by the Endangered Species Conservation 
Committee (ESCC) and its Scientific Subcommittee (SSC). A total of sixteen trait-
classes were defined, represented by fifty-two categories, including behavioural, 
life-history, ecological and socio-economic aspects (Table 6.2).  
Where species traits were unknown, classification was based on congeneric 
taxa (Appendix IV – Table 8.6). All species traits were expressed as binary factors 
(i.e. 1/0), except life-history traits and morphology, which were expressed as a 
  
continuous variable. Taking this approach circumvented the problem of arbitrary 
weighting of particular parameters by keeping weights identical (Ernst et al., 2006). 
 
Table 6.2 - Description of the sixteen trait classes used to characterize fish species. 
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predominance of  immature and adult insects 
forms 
 
predominance of fish including blood, scale and 
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rock-gravel spawners with benthic larvae 
 
gravel-sand spawners with benthic larvae    
 




gravel-sand spawners with pelagic larvae 
 

































care for eggs and larvae 
do not display this behavior 
 
Life-history 
MAXBL(cm)   
Age 1st mat (years)          
Lifespan (years)  
 
 




8.7 – 241.4 
1 - 20 












Binary  variables (0,1) 
 
 
Thermal preference  
 
Preferred temperatures 
determined for adult fish in 
laboratory experiments 























4.17 – 13.37 
 




ratio of total body length to maximum body depth 
 
ratio of minimum depth of the caudal peduncles to 










High; Medium; Low 
 
 
Length 1st mat – length at first maturity 
MAXBL – maximum body length 
 




Initial taxonomic analyses were performed by hierarchical cluster analysis on 
the relative abundances of fish species for each study location using a Manhattan 
distance and the complete linkage methods to discriminate groups (Kaufman & 
Rousseeuw, 2005) based on the three time periods previously defined: before, < 5 
yrs. and > 5 yrs. For parametric analyses, normality and homogeneity of variances 
were tested by Shapiro–Wilk W-statistic and Levene’s test, respectively. A 
  
Permutational Multivariate Analyses of Variance (PERMANOVA - bi-factorial; 
McCune et al., 2002) was used to test for differences in fish communities between 
time periods and between locations. Species richness (S, total number of fish 
species in each sample) and species diversity (H’, Shannon entropy) were 
calculated for each sampling site. For each location (Downstream - D1 and D2; 
Reservoir and Upstream) time period differences in the variables were analysed 
using the Kruskal–Wallis test and the subsequent post hoc Nemenyi test for pairwise 
samples. To analyse how communities varied in the same location between the 
different time periods, a test of dissimilarities percentage (SIMPER; Clarke & 
Warwick, 2001) was applied to determine which fish species contributed the most 
to the differences observed between the groups. 
 
Traits analysis  
 
Testing for independence or redundancy of traits prior to the calculation of 
functional diversity metrics was performed using Pearson’s correlation coefficient. 
This allowed for the identification of significantly autocorrelated traits that were then 
removed from subsequent analyses to avoid under or overestimation of functional 
diversity (Petchey & Gaston, 2006). A threshold of 0.7 was applied for exclusions 
(after Dormann et al., 2013). A Permutational Multivariate Analyses of Variance 
(PERMANOVA - bi-factorial; McCune et al., 2002) was used to test for differences 
the in the functional structure of fish communities between time periods and 
between locations. 
To analyse which traits were more closely correlated to the response of fish 
communities to dam closure in each location (Downstream - D1 and D2; Reservoir 
and Upstream), multinomial logistic regression was performed using time periods 
(before, < 5 yrs. and > 5 yrs.) as the response variable and species traits and flow 
as covariates. Analysis of aggregations of species traits offers some advantages 
compared to analyses of individual taxa. Metrics aggregate data into a smaller 
number of categories, simplifying selection of an appropriate reference category that 
has ecological or management significance when compared to other categories 
(Qian et al., 2012). Metric categories often have direct ecological significance (e.g., 
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tolerance or functional groups) that arises from traits associated with the taxon. The 
selection of the best model for each location was made by a stepwise routine based 
on the Akaike's information criterion (AIC) and Deviance (Komori et al., 2015).  From 
the selected models a hierarchical clustering analysis was performed using 
Manhattan distance and the complete linkage methods to discriminate groups 
(Kaufman & Rousseeuw, 2005) based on the choice of the first 10 selected traits 
with the higher coefficient values in the models.  
Statistics were computed using R version 3.1.2 (R. Development Core Team, 
2012). Kruskal–Wallis tests and the Stepwise routines were performed using the 
STATS package; post hoc Nemenyi-test was performed using the PMCMR package 
(Pohlert, 2014). The maximum likelihood estimator of the multinomial regression 
model was implemented with the function multinom using the R package nnet in the 




 As anticipated, the natural run-of-the-river flow regime was modified by the 
construction of Oldman Dam Downstream, where river regulation was associated 
with a reduction in monthly flow variability (Figure 6.2). There was also an observed 
change in peak flows from October to November and an increase in the variability 
and intensity of July flows. A shift from May to June of the most intense spring runoff 
peak flow was also observed. Upstream changes were found during the time periods 
considered, with an increase in intensity and variability of June and October flows 
and the suppression of the October peak flow after 5 years of dam operational 




Figure 6.2 - Mean monthly discharge (m3/s) and standard deviation for Oldman River before (1983 
to 1986), during the first 5 years (1994 to 1998) and after 5 years (1999 to 2010) of dam closure, in 






A total of 5541 individuals representing 25 fish species and 11 families were 
recorded. The hierarchical clustering analysis showed that the effect of dam closure 
was stronger than seasonality as it distinguished 3 groups according to the time 
periods defined (before, < 5yrs and > 5 yrs) for all locations with the exception of 
Upstream (where because of a lack of data for < 5yrs, only two groups were formed: 
before and > 5yrs), and no clear groups according to seasons (Appendix IV – Table 
8.8). Fish assemblages were significantly different between locations (F3,139=19.11, 
R2=0.27, p<0 .001) and time periods (F2,139=5.01, R2=0.05, p<0.001). No significant 
interaction was found between locations and time periods (F5,139=1.35, R2=0.03, 
p=0.09). There was no significant difference for the mean Species richness (S) and 





Figure 6.3 - Box-plots of species richness (S) and diversity (Shannon entropy – H’) between locations 





Table 6.3 - Results from the SIMPER analysis of the total number of species that accounted for 90% 
of the dissimilarity between the time periods: before vs. <5yrs; before vs. >5yrs and < 5yrs vs. >5yrs 
and their overall dissimilarity in respective locations (Downstream – D1 and D2, Reservoir, and 
Upstream). 
 














Downstream (D1) 11 0.65 11 0.66 11 0.77 
Downstream (D2) 19 0.72 9 0.73 19 0.77 
Reservoir 8 0.78 7 0.80 8 0.82 
Upstream - - 14 0.80 - - 
 
The results of SIMPER analysis that compared the three groups defined by 
the cluster analysis in each location showed the most significant overall 
dissimilarities occurred between < 5yrs. and > 5 yrs. for all locations, with the 
exception of Upstream (Table 6.3). The differences between the three groups that 
constituted the time periods analysed were explained mostly by the decrease in the 
relative abundance of Mountain Whitefish (Prosopium williamsoni) in Downstream 
areas (D1 and D2) and in the Upstream stretch (Table 6.4). In the Reservoir, 
Mountain Whitefish decreased during the < 5yrs. period and increased > 5 yrs. while 
the relative abundance of Rainbow Trout (Oncorhynchus mykiss) increased in D1, 
it decreased in D2 and was absent in the Reservoir after > 5 yrs. Longnose dace 
(Rhinichthys cataractae), was absent before the initiation of dam operations in D1 
and Upstream was one of the species that increased the most in relative abundance 
of all locations. Also, the relative abundance of the Bull Trout (Salvelinus 
confluentus) consistently decreased in all locations after dam closure and was 






Table 6.4 - Results from the SIMPER analysis of dissimilarity for the species contributing most to the difference between 3 time periods (before, < 5 yrs 
and > 5 yrs) in respective locations (Downstream D1 and D2, Reservoir and Upstream). Fish species contributing most to the dissimilarity between time 
periods are shown together with their average abundance (av.) and percentage contribution in dissimilarity (%). 
Downstream (D1) Downstream (D2) Reservoir Upstream 
before vs. < 5yrs 
 av. B av. <5yrs %  av. B av. <5yrs %  av. B av.<5yrs %  av. B av. A1 % 
P. williamsoni 55.14 38.66 0.21 P. williamsoni 55.14 26.63 0.20 P. williamsoni 34.80 26.39 0.19 - - - - 
O. mykiss 20.14 21.11 0.13 O. mykiss 20.14 11.78 0.11 R. cataractae 14.27 25.0 0.16 - - - - 
S. confluentus 14.73 5.51 0.09 R. cataractae 0.0 18.0 0.09 O.mykiss 24.80 9.72 0.13 - - - - 
R. cataractae   0.0 12.06 0.06 S. confluentus 14.73 3.77 0.08 S. confluentus 23.27 4.17 0.12 - - - - 
L. lota    10.0 1.72 0.06 C. commersoni 0.0 12.28 0.061 C. inconstans   0.0 16.67 0.08 - - - - 
before vs. > 5yrs 
 av. B av. >5yrs %  av. B av. >5yrs %  av. B 
av. 
>5yrs 
%  av. B av. >5yrs % 
P. williamsoni 55.14 18.33 0.19 P. williamsoni 55.14 34.40 0.22 P. williamsoni 34.80 50.0 0.23 P. williamsoni 55.03 5.87 0.26 
O. mykiss 20.14 26.90 0.09 O. mykiss 20.14 13.53 0.12 C. commersoni 0.0 33.33 0.17 R. cataractae 0.0 42.71 0.21 
R. cataractae 0.0 15.87 0.08 R. cataractae 0.0 17.50 0.09 O.mykiss 24.80 0.0 0.12 O.mykiss 32.84 21.82 0.17 
S. confluentus 14.73 3.57 0.07 C. catostomus 0.0 14.73 0.07 S. confluentus 23.26 0.0 0.11 C. catostomus 0.0 10.69 0.05 
C. catostomus 0.0 14.08 0.07 S. confluentus 14.73 0.08 0.07 C. catostomus 0.0 16.67 0.08 C. commersoni 0.0 8.86 0.04 




av.>5yrs %  av.<5yrs av.>5yrs %  av.<5yrs av.>5yrs %  av.<5yrs av.>5yrs % 
P. williamsoni 38.66 18.33 0.19 P. williamsoni 26.63 34.40 0.20 P. williamsoni 26.39 50.0 0.23 - - - - 
O. mykiss 21.11 26.90 0.16 R. cataractae 18.0 17.50 0.14 C. commersoni 4.17 33.33 0.17 - - - - 
R. cataractae 12.07 15.87 0.12 O. mykiss 11.78 13.53 0.11 R. cataractae 25.0 0.0 0.13 - - - - 
C. catostomus 5.86 14.05 0.08 C. commersoni 12.28 14.33 0.11 C. catostomus 5.56 16.68 0.09 - - - - 






The results from the correlation matrix indicated that 17 trait categories had 
a strong correlation (Spearman Correlation rs > 0.7). Consequently for subsequent 
analyses the following highly correlated traits were eliminated: Origin - introduced, 
Conservation status - not at risk, Migration - resident, Habitat preference – 
benthopelagic,  Flow preference – generalist, Spawning habitat – generalist, 
Reproductive timing – winter, Nest – open substratum, Parental care – no, Feeding 
diet - planktonic, Life-history – lifespan and age at first maturity, Adhesive eggs – 
no, Tolerance – medium and high. 
The functional structure of fish communities were significantly different 
between locations (F3,219=329.46, R2=0.64, p<0.001) and time periods 
(F2,219=29.46, R2=0.13, p<0.001). The interaction between locations and time 
periods was also significant (F5,21 =15.15, R2=0.05, p<0.01). Results from the 
multinomial regression analyses indicated that for each location, there was a distinct 
combination of traits that explained the changes that occurred between the time 
periods. For Downstream – D1, the model selected 27 variables (Residual 
Deviance=105.40; AIC = 153.40; Appendix IV – Table 8.8 A). For Downstream – D2 
the model selected 31 variables (Residual Deviance=211.74; AIC=303.74; 
Appendix IV – Table 8.9 B). For the Reservoir the model selected 21 variables 
(Residual Deviance=65.141; AIC=97.141; Appendix IV – Table 8.8 C). For 
Upstream the model selected 29 variable (Residual Deviance: 41.328; AIC=69.328; 
Appendix IV – Table 8.8 D). The 10 traits categories having the highest coefficient 
values were chosen for the subsequent hierarchical clustering analysis (HCA) in 
each location (Table 6.5). The results from HCA showed that the combination of 
traits was related to the formation of different groups based on the time periods 
defined. When organized by season, no clear groups formed, indicating that despite 
seasonal changes, time periods were more strongly related to the formation of new 
communities. For all locations there was a clear separations of time periods (before, 
< 5 yrs and > 5 yrs), indicating that the choice of trait combinations were most 
strongly related to the new functional structure of communities after dam closure. 
For the Reservoir, the most significant trait categories that separated communities 
  
before and after dam closure were related to reproductive requirements such as 
lotic flow for spawning and habitats favourable for nest building, as well as parental 
care (Table 6.4). Also, water temperature (thermal preference – cold) appeared to 
have an important role together with habitat preference (benthic) and migratory 
behaviour. Upstream, feeding diet (invertivore), migratory behaviour, water 
temperature (thermal preference – cold) where identified as being more relevant 
traits. Downstream, for both areas (D1 and D2) reproduction types and 
specifications demonstrated a high relevance in separating the groups (e.g.: 
lithophils - gravel/sand and lithophils - rock and gravel, ariadnophils and speleophils 
for D1; and phytophils and psammophils for D2). In the area closest to the dam face 
(D1) water temperature (thermal preference – cold) was the most relevant trait.  D2 
also showed relevance to reproductive traits (adhesive eggs and lotic spawning 
habitat). Low tolerance appears associated only with Downstream - D2 and 
Upstream (Table 6.5). 
  
Table 6.5 - Results from the multinomial regression model with a combination of the 10 species traits 
categories with the higher coefficient values for each location (Downstream – D1 and D2, Reservoir, 
and Upstream).  
Downstream (D1) Downstream (D2) Reservoir              Upstream 
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Downstream (D1) Downstream (D2) Reservoir              Upstream 
Variable Coef. value Variable Coef. value Variable Coef. value Variable Coef. value 











4.85;  -1.73 
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This study responds to the recent necessity for complementing taxonomic and 
functional analyses to characterize community response to environmental changes 
(Díaz et al., 2007; Suding et al., 2008; Baraloto et al., 2012). Construction and 
operation of the dam in the Oldman River system did not have a direct effect on 
overall taxonomic diversity (mean Species richness and Shannon entropy) of fish in 
the system, but there was a significant change in the relative abundances of species 
with contrasting functional strategies. Most importantly, different changes were 
observed in a spatial-temporal context, indicating that the longitudinal gradient 
formed after dam construction (from Upstream to Downstream of the dam) played a 
key role in determining which species-trait combinations showed greater responses 
to habitat alterations. 
Damming impacted the natural river flow with the loss of spring high flows and 
lower winter flows. River temperature was altered with delayed spring-summer 
warming and autumn cooling (Golder Associates Ltd., 2003). The large error bars 
after 5 years of dam closure in upstream and downstream flow variations are 
associated with the year of 2005 and indicate an exceptional heavy rain event that 
struck the headwater tributaries of the Saskatchewan River Basin in June of that 
year (Shook, 2015). Runoff from the rainfalls resulted in three floods which extended 
from Alberta through the provinces of Saskatchewan and Manitoba which resulted 
in high flows in the Oldman River (Shook, 2015). 
Although flow variation did not show a high coefficient value in any of the fitted 
regression models, flow alterations as a consequence of dam operations have a 
direct influence on water temperature (Olden & Naiman, 2010). The Oldman 
  
Reservoir has caused substantial changes in the downstream temperature regime 
relative to pre-impoundment temperatures (Hazewinkel & Saffran, 2007). 
Specifically, there was a sharp temperature increase that coincided with the 
operation of the spillway and was caused by the release of relatively warm 
epilimnetic water over the crest of the Oldman River Dam during winter months. The 
greatest difference between post-impoundment temperatures and pre-
impoundment temperatures occurs during mid-June through late-August, when the 
river directly downstream of the reservoir is substantially cooler than observed under 
historical conditions prior to dam construction (Figure 6.4). In September, there is a 
reversal of the cooling effect, such that river temperatures downstream of the 
reservoir are on average 2.3°C warmer than under historic conditions (Figure 6.4; 
Hazewinkel & Saffran, 2007). These alterations are a strong indication that thermal 
preference is an important trait to be considered and studies have shown a link 
between water temperature alterations and a detrimental effect to freshwater fish 
(Olden & Kennard, 2010; Olden & Naiman, 2010).  
 
Figure 6.4 - Daily average water temperature in the Oldman River near Brocket (aprox. 100 m 
downstream from the dam) in the periods before dam closure (1985, 1988-1990), transition (1991-
1992) and post-dam closure (1993-2001). Adapted from Hazewinkel & Saffran (2007). 
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The trait preference for cold water showed a very high relevance Downstream 
close to the dam face. The cold water Mountain Whitefish and Bull Trout were 
among the main species responsible for the separation of groups in the taxonomic 
analysis. Their relative abundance decreased in all locations.. This result supports 
the tenant that water temperature increases below the dam during cold months has 
had an influence in the functional response of communities. Upstream, however, 
other natural factors might be involved in a change of water temperature, such as 
the regional climate change as predicted by Schindler & Donahue, (2006) and 
Shepherd et al., (2010) that might have resulted in an alteration of the natural river 
flow in the last decade (Figure 6.2). At the Downstream D1, after thermal preference, 
the combination of the most relevant traits were related to reproductive habitat 
requirements, demonstrating that dam operations and flow modifications may favour 
selection of fish with a reproductive preference for stable conditions, such as brood 
hiders, substrate choosers and lotic spawning habitats (McManamay & Frimpong 
2015; e.g.: Longnose Dace, Longnose Sucker, Catostomus catostomus and 
Rainbow Trout). Interestingly, further away downstream from the direct influence of 
the dam (D2), the trait of adhesive eggs was relevant, characteristic of the Longnose 
Sucker and the Longnose Dace, species that increased in relative abundance after 
dam closure.  
The results from this study are generally in accordance to Mims & Olden, 
(2013) and McManamay & Frimpong, (2015), who documented an increase in the 
proportion of equilibrium strategists that followed hydrologic changes induced by 
dam regulation. In the Reservoir, traits related to reproductive requirements (e.g., 
lotic spawning habitat, nest building and parental care) as well as thermal 
preference, migration, lentic flow preference and pelagic habitats were more 
relevant. This is in accordance to the findings of Agostinho et al., (2008) who showed 
that the formation of a reservoir created a habitat with a larger volume of lentic water. 
Consequently there was an observed increase in pelagic species, adapted to lentic 
flow and a degradation of the environmental conditions that allow parental care 
associated with benthic habitats that are inaccessible or degraded by reservoir 
formation. Migratory species are also affected by the barrier imposed by the dam. 
For example, the Westslope Cutthroat Trout and the Bull Trout nearly disappeared 
  
from the reservoir area after > 5 yrs. of dam closure. Both require lotic flow to spawn, 
both are nest builders and migratory species. Also, these species require the coldest 
water temperatures of any native north‐west salmonid; they require clean substrates 
for spawning and rearing and connections between river, lake and headwater 
streams that support annual spawning and feeding migrations (Liknes & Graham, 
1988; Fraley & Shepard, 1989). In contrast, the White Sucker (Catostomus 
commersoni) increased in relative abundance, likely linked to its generalist traits for 
reproductive requirements (e.g., no spawning flow preference, open substratum and 
no parental care). Longnose dace also increased after dam closure, especially at 
the Reservoir and Upstream stretches. This species is non-migratory and is tolerant 
to a wide range of flows (Cooper, 1980).  
Functional adaptation (e.g., life history and behavioral) appear to play an 
important role in the adaptation of certain species to the new environmental 
conditions after damming and new flow scenarios (Lytle and Poff 2004). Life-history 
strategies, the seasonal timing of flow events, water temperature and type of 
substrate are key traits to adaptation potential. Life-history adaptations involve the 
synchronization of a life-stage to long-term flow regime dynamics, rather than an 
immediate response to individual flow events and are particularly important for 
organisms with complex or migratory life cycle (Lytle &Poff, 2004). 
Changes in Upstream fish communities were unexpected, nevertheless 
studies have demonstrated that large migratory species seek to avoid the 
impounded region in their reproductive period, moving toward upstream areas 
(Antonio et al., 2007). Changes in water temperature, probably related to regional 
climatic alterations in the head-water areas of the Oldman basin appears to be 
relevant in the response of fish communities after > 5 yrs. Upstream and 
Downstream areas showed variation in flow after > 5 yrs. of dam closure, which 
indicates that a more general event could also contribute to explaining the changes 
observed in fish communities, in addition to dam construction. However, further 
hydro-climatic studies with a minimum of 20 years of flow records are necessary to 
assess this possibility and to fully understand the implications and potentially 




Despite the fact that these results are difficult to extrapolate to other systems, 
as they are based in one system alone, they show that this novel approach (using 
taxonomic and trait metrics) can be very useful to the establishment of long term 
monitoring programs as it provides a broader knowledge of fish community 
response to environmental change, regardless of the driver. Taxonomical and 
functional analyses are complementary and should be used to detect changes in 
particular species and/or traits and their impacts on ecosystem processes that might 
follow (Lavorel & Garnier 2002; Bellwood et al., 2006). The ultimate impact of 
disturbance on community composition depends not only on initial changes in 
community composition but also on changes in their functional structure that will 
determine their reproductive success and remain in subsequent generations (Shea 
et al., 2002; Haddad et al., 2008). While examples of ecological consequences to 
drastic hydrologic alterations are more common (Poff et al., 2010), little empirical 
evidence is available for assessing ecological responses to small or moderate 
hydrologic changes. Thus, understanding how natural hydrology structures biotic 
communities in river systems provides a reference framework to make future 
projections under a range of hydrologically altered scenarios. In addition, more local-
level analyses that consider the multidimensional nature of hydrologic disturbances, 
such as water quality and temperature are needed to make more accurate localized 
predictions 
 
6.6 Conclusions  
 
This study demonstrates that integrating taxonomic and functional analyses to 
assess the impact of river impoundment on fish community structure and function is 
more informative than considering one approach alone. Alterations to taxonomic 
composition in fish communities give initial clues to a functional response in a 
temporal-spatial context. Using a suite of multivariate approaches allowed a 
reduction in the possible trait combinations that were most significant in 
discriminating changes in fish communities after dam closure. The longitudinal 
environmental gradient created by the dam was shown to be important in 
determining which species and functional groups are subsequently formed in the 
  
respective new habitat types created. This spatial effect is important to consider 
when planning adaptive management strategies and related biomonitoring 
programs. Further studies are necessary to develop an improved mechanistic 
understanding of how riverine impoundments affect the structural and functional 
diversity of fish communities in a spatial and temporal context. This step has to be 
made by determining species–environment relationships more effectively, taking 
into consideration linkages and interactions among traits and the fact that they are 
context-depend (Verberk et al., 2013). Understanding the underlying causes of why 
the combination of some traits are connected to the risk of extinction or a decline in 
distributions is an important step towards better conservation and mitigation 
strategies. Limitations of data availability and data quality in this study highlight the 
need to establish long-term biomonitoring programs that utilize standardized 
quantitative sampling procedures, are appropriately integrated with associated 
water quality/quantity and hydro-climatic monitoring programs, and have well 
defined quality assurance and control protocols. The ability to have open access to 
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Damming the Tocantins River led to extreme transformations in the fluvial 
habitats and altered the natural longitudinal gradient from the river with Peixe 
Angical Dam closure. Fish species for which these new conditions were less 
favorable had their populations drastically reduced. However, species that could 
complete their life cycle in the new environment and take advantage of the available 
food resources can achieve their full potential for proliferation (Agostinho et al., 
2007). In Neotropical areas the current biomonitoring of large dams accounts, in the 
majority of cases, only for the taxonomic changes that occur during this radical 
transformation. Here, we demonstrated that a taxonomic approach, although 
informative, can be limiting to the understanding of the complex consequences of 
damming. Therefore, beyond a traditional approach we applied alternative methods 
to assess the changes in the structure and function of fish communities. 
Our first approach in analyzing the impacts of dam closure using the traditional 
taxonomic metrics confirmed the evidence from other Neotropical reservoirs in 
which species richness increases immediately after the filling phase. This increase 
is expected because different biotopes connected to the river channel and adjacent 
tributaries (river, streams and creeks) are incorporated into the new environment. 
An increase in the abundance follows, which is common during the trophic upsurge 
period and an increase of resource availability. However, the magnitude of the 
increase in abundance varies among species in a new reservoir, and the numerical 
dominance of certain species causes a decrease in species diversity (low 
evenness). Despite the initial upsurge, after only five years, populations were 
reduced and communities contracted to a level of diversity below that observed prior 
to dam closure. Respective sites demonstrated distinct ecological responses that 
were related to the longitudinal gradient created by the dam. 
In order to provide a more comprehensive understanding of the ecological 
effects of damming and considering constrains such as the lack of basic descriptive 
knowledge on the ecology of tropical fish, the use of simple descriptors of community 
organization (ABC and SAD’s) showed a clear impact of damming on the structure 
of fish assemblages. The change in the abundance–biomass comparison (ABC) 
curves from higher biomass to abundance curves before the dam closure compared 
to an approximation of both curves after one year demonstrates that changes in 
  
taxonomic structure (richness and evenness) were accompanied by a change in the 
distribution of biomass with the proportionate contribution by smaller individuals 
significantly increased relative to larger individuals. This result is important because 
of its implications concerning the profitability of fisheries (Agostinho et al., 2008). 
Because of dam construction, there is a decrease of commercially important large 
species as demonstrated in other studies (Garavello et al., 2010). The application 
of this ecological analysis also showed the effects of the transformed longitudinal 
gradient in environmental conditions, with Downstream sites revealing an increase 
in biomass due to the accumulation of large-migratory fish close to the dam wall. At 
Upstream sites there was also an increase in biomass but due to the migration of 
large individuals away from the Reservoir area. These analyses proved to be 
complementary to traditional diversity indices and have particular value in regions 
where a lack of detailed ecological knowledge precludes the application of traditional 
bioassessment methods.  
Finally, the application of a species-trait approach have shown changes in 
individual trait categories that are consistent with the change in the longitudinal 
gradient of environmental conditions created from Upstream to Downstream of the 
dam. Changes in the physical and chemical characteristics of the water due to 
reservoir filling may act as environmental filters, selecting for ecological traits such 
as trophic guilds, reproductive strategies and an alteration of the affinity for habitats 
(fidelity), which determine the success of colonization by a particular species. After 
five years of dam closure, a pattern of colonization was evident in which species 
with opportunistic strategies (e.g., non-migratory; no parental care) appeared to be 
more successful under the changed conditions. Long-distance migratory, benthic, 
detritivores and species with parental care were the most negatively affected. Even 
though trait analysis showed significant changes after five years of dam closure, this 
study demonstrated some limitations in trait data availability, as knowledge on fish 
species requirements are still very scarce in tropical regions, which constitutes an 
obstacle to a more comprehensive analysis.  
In the biomonitoring processes of Neotropical regions, the detrimental impacts 
of impoundment are not new and management actions regarding the effects of 
damming in fish communities have been applied for decades. However, the results 
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obtained were practically insignificant, leaving key questions unanswered 
(Agostinho et al., 2015). The main reason for failure results from: (i) the incipient 
knowledge about the Neotropical fish fauna, which is characterized by high diversity 
level in different scales; (ii) the absence or inadequate follow up of the results from 
the implemented management actions; (iii) the eminently political nature of the 
management decisions; (iv) insufficient knowledge about the problems to be solved, 
which led to a lack of clarity in the objectives of management actions; and (v) the 
misleading belief that impacts caused by impoundments can be reversed or 
minimized with simple management actions or which are completely based in 
knowledge obtained from other parts of the world where fish communities are very 
well studied and with completely different characteristic from tropical ones 
(Agostinho et al., 2015). Alternative management actions and a review of the 
biomonitoring processes must, therefore, be seriously considered if we are to 
conserve fish diversity when tropical rivers are regulated. Yet, it is important to 
emphasize that impoundments affect profoundly the structure and function of fish, 
and that there is no simple solution to mitigate impacts or to restore biodiversity once 
a dam is constructed.   
This study was an initial approach to the application of alternative methods that 
could be implemented to assess the impacts of damming and that can be more 
informative about the consequences on the structure and function of fish 
communities. A trait-based approach must be the adopted with caution, 
acknowledging the limitations of particular communities and considering the still 
incipient knowledge about the species-environment relationship and interactions 
among traits. It does, however, hold the promise to allow management actions to be 
focused on functional groups which transcends taxonomy and eventually, with 
further analyses, suits of traits can be linked to stressor effects through plausible 
cause and effect mechanisms (e.g. Mouchet et al., 2010; Ricotta & Moretti, 2011).  
For effective conservation management, implementation of existing legislation 
related to protection of free-flowing rivers, adequate environmental assessment and 
monitoring of impacts are critical. Ultimately, integration of different governance, 
legislative and regulatory frameworks are essential for effective conservation 
(Kingsford, 2011). Alternative management actions in the Neotropics should also 
  
include the protection of free flowing tributaries and river stretches where there are 
sufficient natural conditions to sustain nursery habitat for both migratory and non-
migratory species and to maintain the original fish fauna, which has been suggested 
for the upper lotic stretches of Tocantins River (Agostinho et al., 2008; Araújo & 
Marques, 2013); the implementation of effective fish passages based on the 
characteristic of Neotropical fish species; include downstream areas in 
biomonitoring programs and mitigate dams’ impacts by altering dam operations 
through regulatory flows based not only on specific species but on functional groups’ 
requirements. Also, the Tocantins region would greatly benefit from a more open 
access to data and an effective coordination on the results of all monitoring 
programs from all of operating dams. 
The case study from Canada supported the recent trend that both taxonomic 
and functional approaches provide complementary information such that together 
they are greater than the sum of their parts (Hladyz et al., 2011). From the taxonomic 
analysis it was possible to observe that damming altered community structure, but 
the ultimate impact of disturbance on community composition depends not only on 
initial changes in community composition but also on changes in their functional 
structure that will determine their successful colonization of new habitats (Haddad 
et al. 2008). Of course, traits need to be defined clearly if they are to be useful, and 
they are still subject to many of the same constraints as taxonomic-based indices, 
in that they both needs to be linked clearly to the stressor in question and to provide 
sufficient accuracy and precision to detect changing condition the methods of data 
collection need to be as simple and as easily replicated as possible to maximize 
accuracy and precision, and, ideally, at the minimum of cost. Contrastingly to the 
case study from Brazil, fish species from Canadian rivers are characterized by a 
deeper and broader ecological knowledge. However, data compilation was more 
difficult because sampling efforts were not uniform and there was not a priori 
experimental design to assess the impact of damming with data from before dam 
closure, which highlights need for the establishment of long-term biomonitoring 
programs that utilize standardized quantitative sampling procedures. 
The vast amount of information already collected in monitoring processes 
represents a potentially valuable, and largely untapped, resource that could be used 
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more effectively in protecting ecosystems and in advancing general ecology (Nikolai 
et al., 2011). Biomonitoring programs have often accumulated valuable long-term 
data series, which could be useful outside the scope of the original aims. However, 
it is timely to assess critically existing biomonitoring approaches to help ensure 
future programs operate. 
 
7.1 Further work 
 
Future research studies in this area should focus on: 
 
 Producing life-history and ecological studies on fish species from Neotropical 
areas and contribute to the improvement of trait attribution and analysis since 
highly detailed, a priori knowledge on traits is needed to establish predictive 
models; 
 
 Promoting open and easy access to the trait databases, with the results of 
collaborations of different research groups working in the area (and with 
investment in common trait category definitions, unified coding of information, 
etc.); 
 
 Relating biomonitoring results with experimental studies on fish species and 
communities so that cause-effect relationships can be properly established; 
 
 Improvement of environmental data collection in biomonitoring programs 
directed to well define objectives (e.g., daily measurements of flow and water 
temperature in a spatial-temporal context of the reservoir formation); 
 
 Develop a catchment-based monitoring and conservation framework applied 
to entire river basins that balances human uses and ecosystem integrity; 
 
  
 Analyzing potential effects of new dam projects in a holistic way and beyond 
local impacts by accounting for synergies with existing dams, as well as land 
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8.1 Appendix I 
Table 8.1 - Pearson correlation matrix for the environmental variables measured. 
 Water Depth Diss.Oxygen pH Conductivity Transparency Dist. to Dam Width 
Water 1        
Depth 0.267181 1       
Diss.Oxygen -0.05 -0.29122 1      
pH -0.07791 -0.20933 0.587157 1     
Conductivity -0.00266 0.001222 -0.17501 -0.12143 1    
Transparency 0.055629 0.4446 -0.23482 -0.11179 0.159127 1   
Dist. to Dam -0.04379 0.103218 -0.04003 0.058346 -0.00788 0.000597 1  
Width 0.357564 0.68236 -0.19287 -0.17175 0.10083 0.57742 0.007994 1 
 
Table 8.2 - Results from the Kruskal-Wallis test and post-hoc pairwise test for multiple comparisons 
of mean rank sums (Nemenyi-test) for seasonal abundances between time periods (before, after 1 
and after 5) in respective locations (Downstream, Reservoir, Transition and Upstream). Significant 
p-values are indicated in bold. 




H = 14.3626 before – after 1 0.001 
p-value <0.01 before – after 5 0.121 
 after 1 – after 5 0.001 
dry 
H = 11.4152 before – after 1 0.097 
p-value <0.01 before – after 5 0.010 
 after 1 – after 5 0.019 
2 
rainy 
H = 5.1345 before – after 1 0.318 
p-value = 0.076 before – after 5 0.781 
 after 1 – after 5 0.086 
dry 
H= 7.8713 before – after 1 0.781 
p-value = 0.019 before – after 5 0.035 




H = 10.7485 before – after 1 0.019 
p-value <0.01 before – after 5 0.090 
 after 1 – after 5 0.016 
dry 
H = 11.7895 before – after 1 0.034 
p-value <0.01 before – after 5 0.810 
  after 1 – after 5 0.005 
4 
rainy 
H = 9.0971 before – after 1 0.018 
p-value = 0.011 before – after 5 0.720 
 after 1 – after 5 0.014 
 H = 6.924 before – after 1 0.096 
  
Location Site Season Kruskal-Wallis  Nemenyi test 
dry p-value = 0.031 before – after 5 0.977 




H = 7.9415 before – after 1 0.461 
p-value = 0.019 before – after 5 0.292 
 after 1 – after 5 0.019 
dry 
H = 2.8889 before – after 1 0.84 
p-value = 0.2359 before – after 5 0.25 
 after 1 – after 5 0.56 
6 
rainy 
H = 10.2105 before – after 1 0.04 
p-value <0.01 before – after 5 0.08 
 after 1 – after 5 0.01 
dry 
H = 14.3626 before – after 1 0.001 
p-value <0.01 before – after 5 0.12 




H = 2.6784 before – after 1 0.93 
p-value = 0.26 before – after 5 0.49 
 after 1 – after 5 0.29 
dry 
H = 9.5654 before – after 1 0.05 
p-value <0.01 before – after 5 0.75 
 after 1 – after 5 0.01 
8 
rainy 
H = 13.345 before – after 1 0.37 
p-value <0.01 before – after 5 0.09 
 after 1 – after 5 0.001 
dry 
H = 11.5906 before – after 1 0.06 
p-value <0.01 before – after 5 0.04 













8.2 Appendix II 
Table 8.3 - Number of individuals, Species richness (S), Shannon–Weiner’s index (H’), Pielou’s J 
(J’), Simpson’s 1-lambda (1-λ) and Hill’s N1 for each site, Before, After 1 year and After 5 years of 
dam closure. 
Site Time N S H' J' 1-λ Hill's N1 
  1 
Before 4392 107 3.60 0.77 0.95 36.55 
After 1 8327 122 3.45 0.60 0.81 18.28 
After 5 297 51 2.91 0.73 0.91 28.48 
2 
Before 1280 78 3.70 0.69 0.96 40.25 
After 1 1781 86 3.49 0.76 0.93 29.57 
After 5 634 54 3.08 0.75 0.91 21.79 
3 
Before 1435 93 3.75 0.83 0.96 42.34 
After 1 5922 98 3.59 0.74 0.94 29.71 
After 5 1420 63 3.06 0.71 0.91 21.23 
4 
Before 1594 92 3.57 0.79 0.95 35.44 
After 1 11793 104 3.24 0.68 0.93 23.19 
After 5 1119 58 2.82 0.69 0.88 16.80 
5 
Before 1455 90 3.63 0.81 0.96 37.81 
After 1 6987 97 3.52 0.70 0.93 24.95 
After 5 1303 68 2.84 0.65 0.87 17.17 
6 
Before 1126 80 3.38 0.77 0.94 29.42 
After 1 8537 114 3.37 0.71 0.93 29.01 
After 5 1247 56 2.92 0.70 0.90 18.50 
7 
Before 1166 90 3.59 0.78 0.94 36.08 
After 1 2096 93 3.27 0.75 0.93 26.23 
After 5 785 43 3.28 0.82 0.92 21.67 
8 
Before 810 83 3.47 0.79 0.94 32.28 
After 1 3440 114 3.44 0.73 0.93 31.06 













8.3 Appendix III 
Table 8.4 - Species classification into trait categories. 




diet MAXBL L_at 1st age _at 1st 
Abramites hypselonotus Native NEW Hu_pelagic yes omnivore 14.0 9.4 3.5 
Acestrocephalus sardina Native NEW Hu_benpel yes piscivore 13.5 9.1 1.8 
Acestrorhynchus microlepis Native NEW Hu_benpel no piscivore 26.0 16.3 10.0 
Acnodon normani  Native NEW Hu_benpel yes herbivore 13.5 8.5 2.1 
Ageneiosus brevis  Native NIF Hu_pelagic no piscivore 16.0 10.6 6.8 
Ageneiosus inermis Native NIF Hu_pelagic no piscivore 59.0 33.6 6.8 
Ageneiosus ucayalensis  Native NIF Hu_pelagic no invertrivore 29.0 20.3 6.9 
Agoniates halecinus Native NEW Hu_benpel no piscivore 21.5 13.8 3.6 
Aguarunichthys tocantinsensis  Native LME Hu_benpel yes piscivore 31.7 19.4 6.6 
Anchoviella cf. guianensis Native LME Hu_pelagic yes planktivore 9.0 6.4 1.8 
Anchoviella df. carrikeri  Native NEP Hu_pelagic yes planktivore 6.5 4.8 1.6 
Anchoviella jamesi Native NEW Hu_pelagic yes planktivore 5.0 3.8 1.3 
Ancistrus aguaboensis  Native NEP Hu_benthic yes detritivore 6.7 4.9 12.0 
Ancistrus hoplogenys Native NEP Hu_benthic yes detritivore 15.8 10.5 12.0 
Ancistrus minutus  Native NEP Hu_benthic yes detritivore 5.7 4.2 12.0 
Ancistrus sp. Native NEP Hu_benthic no detritivore 9.4 6.5 12.0 
Anostomoides laticeps Native NEP Hu_benpel no omnivore 25.0 15.7 7.3 
Apteronotus aff.. albifrons Native NEP Hu_benpel yes omnivore 50.0 29.0 10.0 
Archolaemus blax  Native NEP Hu_benpel no invertrivore 43.5 25.6 6.0 
Argonectes robertsi  Native LME Hu_pelagic no invertrivore 28.8 17.8 na 
Astyanax aff. mutator Native NEW Hu_benpel no invertrivore 8.2 5.9 1.3 
Astyanax assuncionensis Native NEW Hu_benpel no invertrivore 15.0 10.0 1.3 
Astyanax cf. anterior Native NEW Hu_benpel no invertrivore 11.1 7.7 1.3 
Astyanax cf. goyacensis Native NEW Hu_benpel no invertrivore 8.2 5.9 1.3 
  




diet MAXBL L_at 1st age _at 1st 
Auchenipterus nuchalis Native NIF Hu_pelagic yes invertrivore 15.4 10.2 6.8 
Baryancistrus longipinnis Native NEP Hu_benthic yes detritivore 20.0 12.9 12.0 
Baryancistrus niveatus  Native NEP Hu_benthic yes detritivore 23.5 14.9 12.0 
Bivibranchia fowleri  Native NEW Hu_benpel no omnivore 14.4 9.7 na 
Bivibranchia notata Native NEW Hu_benpel no detritivore 7.2 5.2 na 
Bivibranchia velox  Native NEW Hu_benpel no omnivore 15.2 10.1 na 
Boulengerella cuvieri Native LME Hu_pelagic no piscivore 88.0 47.8 10.0 
Brycon falcatus Native LME Hu_benpel yes invertrivore 37.0 22.3 5.0 
Brycon gouldingi  Native LME Hu_benpel yes omnivore 48.7 27.9 7.5 
Brycon pesu Native LME Hu_benpel yes omnivore 12.0 8.2 2.4 
Brycon sp1  Native LME Hu_benpel yes omnivore 32.6 19.5 5.0 
Brycon sp2 Native LME Hu_benpel yes omnivore 32.6 19.5 5.0 
Bryconops alburnoides Native NEW Hu_benpel yes invertrivore 10.0 7.0 1.3 
Bryconops spA Native NEW Hu_benpel yes invertrivore 10.0 7.0 1.3 
Bryconops spD Native NEW Hu_benpel yes invertrivore 10.0 7.0 1.3 
Bunocephalus caracoideus Native NEP Hu_benthic no invertrivore 11.0 10.2 3.6 
Bunocephalus sp. Native NEP Hu_benthic no invertrivore 11.0 10.2 3.6 
Caenotropus labyrinthicus  Native NEW Hu_benthic no onmivore 15.2 10.1 1.5 
Centromochlus schultzi Native NIF Hu_benthic yes invertrivore 10.2 7.1 5.0 
Cetopsis cf. candiru Native NEW Hu_benpel yes piscivore 26.3 16.4 9.3 
Cetopsis cf. coecutiens Native NEW Hu_benpel yes piscivore 26.5 16.5 9.3 
Chalceus epakros Native NEW Hu_benpel yes invertrivore 16.6 11.0 3.5 
Charax leticiae  Native NEW Hu_benpel yes piscivore 10.0 7.0 1.7 
Cichla kelberi Native NEP Hu_benpel no piscivore 27.6 17.2 7.3 
Cichla piquiti Native NEP Hu_benpel no piscivore 43.0 25.4 11.0 
Cichla temensis Native NEP Hu_benpel no piscivore 99.0 51.4 18.0 
Cichlasoma araguaiense  Native NEP Hu_benpel no detritivore 9.2 6.5 2.6 
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Colomesus asellus Native LME Hu_benthic yes detritivore 12.8 8.7 2.7 
Colossoma macropomum  
Introduc
ed LME Hu_benpel yes herbivore 108.0 60.6 12.5 
Crenicichla adspersa  Native NEP Hu_benpel no piscivore 29.0 17.9 7.7 
Crenicichla cametana  Native NEP Hu_benpel no invertrivore 18.3 11.9 5.0 
Crenicichla labrina Native NEP Hu_benpel no omnivore 16.0 10.6 4.4 
Crenicichla lepidota Native NEP Hu_benpel no piscivore 18.0 11.8 4.9 
Crenicichla lugubris  Native NEP Hu_benpel no omnivore 24.0 15.2 6.4 
Crenicichla marmorata Native NEP Hu_benpel no invertrivore 28.0 17.4 7.5 
Crenicichla reticulata Native NEP Hu_benpel no piscivore 21.6 13.8 5.9 
Crenicichla saxatilis Native NEP Hu_benpel no invertrivore 20.0 12.9 5.4 
Crenicichla strigata Native NEP Hu_benpel no invertrivore 30.0 19.4 7.9 
Ctenobrycon hauxwellianus  Native NEW Hu_pelagic yes invertrivore 8.0 5.8 1.4 
Curimata acutirostris  Native LME Hu_benpel no detritivore 8.2 5.1 na 
Curimata cyprinoides  Native LME Hu_benpel no detritivore 21.3 13.7 na 
Curimata inornata  Native LME Hu_benpel no detritivore 13.6 9.2 na 
Curimatella dorsalis  Native NEW Hu_benpel no detritivore 11.4 7.8 na 
Curimatella immaculata Native NEW Hu_benpel no detritivore 9.3 6.5 na 
Cynodon gibbus  Native NEW Hu_pelagic no piscivore 28.0 17.4 10.0 
Cynopotamus tocantinensis Native NEW Hu_benpel yes piscivore 21.0 13.5 2.7 
Cyphocharax festivus  Native NEW Hu_benpel no detritivore 6.3 4.7 na 
Cyphocharax plumbeus  Native NEW Hu_benpel no detritivore 17.8 11.6 na 
Cyphocharax spilurus  Native NEW Hu_benpel no detritivore 10.4 7.3 na 
Eigenmannia cf. macrops  Native NEW Hu_benpel no invertrivore 25.2 15.8 6.0 
Eigenmannia cf. trilineata  Native NEW Hu_benpel no invertrivore 25.0 15.7 6.0 
Eigenmannia limbata Native NEW Hu_benpel no invertrivore 48.5 28.3 6.0 
Exodon paradoxus  Native NEW Hu_pelagic yes piscivore 7.5 5.4 1.3 
Galeocharax gulo  Native NEW Hu_benpel yes piscivore 22.0 14.1 3.7 
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Geophagus altifrons  Native NEP Hu_benpel no omnivore 22.5 14.3 6.0 
Geophagus proximus Native NEP Hu_benpel no omnivore 22.5 14.4 6.0 
Glyptoperichthys joselimaianus Native NEP Hu_benthic no herbivore 30.5 18.8 15.0 
Gymnotus cf. carapo  Native NEP Hu_benpel no invertrivore 76.0 29.3 9.2 
Harttia punctata Native NEP Hu_benpel yes detritivore 13.3 9.0 5.5 
Hassar wilderi  Native NEW Hu_benthic yes invertrivore 25.0 15.7 5.2 
Hemiancistrus micrommatos Native NEP Hu_benthic yes herbivore 11.9 8.1 8.0 
Hemiancistrus spilomma  Native NEP Hu_benthic yes herbivore 14.2 9.6 8.0 
Hemiancistrus spinosissimus  Native NEP Hu_benthic yes detritivore 12.7 8.6 8.0 
Hemiodus microlepis Native NEP Hu_benpel yes omnivore 23.9 15.1 na 
Hemiodus ternetzi  Native NEW Hu_benpel yes omnivore 10.5 7.3 na 
Hemiodus unimaculatus Native NEW Hu_benpel yes omnivore 21.5 13.8 na 
Hemisorubim platyrhynchos Native LME Hu_benthic no piscivore 52.2 35.0 13.0 
Hemmigramus sp.  Native NEW Hu_pelagic no invertrivore 3.1 2.5 0.6 
Hoplias cf. malabaricus  Native NEP Hu_benpel no piscivore 55.2 31.7 9.5 
Hoplias lacerdae Native NEP Hu_benpel no piscivore 75.0 41.5 9.6 
Hoplosternum littorale Native NEP Hu_benthic no invertrivore 24.0 14.5 2.3 
Hydrolycus armatus  Native LME Hu_pelagic no piscivore 66.0 37.1 na 
Hydrolycus tatauaia  Native LME Hu_pelagic no piscivore 45.5 26.7 na 
Hyphessobrycon tropis Native NEW Hu_benpel no omnivore 2.1 1.8 1.3 
Hypoclinemus mentalis Native NEW Hu_benthic no omnivore 21.0 13.5 5.1 
Hypoptopoma sp. Native NEP Hu_benthic yes herbivore 5.5 4.1 5.5 
Hypostomus ericae  Native NEP Hu_benthic yes detritivore 19.9 12.9 8.0 
Hypostomus plecostomus Native NEP Hu_benthic yes detritivore 50.0 29.0 8.0 
Hypostomus pyrineusi Native NEP Hu_benthic yes detritivore 26.0 16.3 8.0 
Hypostomus sp1  Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp2 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
 195 
 




diet MAXBL L_at 1st age _at 1st 
Hypostomus sp3 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp4 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp5 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp6 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp7 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp8 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Hypostomus sp9 Native NEP Hu_benthic yes detritivore 32.0 19.4 8.0 
Jupiaba polylepis Native NEW Hu_benpel yes invertrivore 6.1 4.5 1.1 
Jupiaba sp. Native NEW Hu_benpel yes invertrivore 6.1 4.5 1.1 
Knodus aff. savannensis Native NEW Hu_benpel no omnivore 3.4 2.7 1.2 
Knodus sp.  Native NEW Hu_benpel no omnivore 3.4 2.7 1.2 
Laemolyta fernandezi Native NEW Hu_benpel yes herbivore 25.0 15.7 7.3 
Laemolyta petiti Native NEW Hu_benpel yes herbivore 25.0 15.6 4.6 
Leporacanthicus galaxias  Native NEP Hu_benthic yes detritivore 21.1 13.5 8.0 
Leporellus vittatus Native NEW Hu_benpel yes omnivore 30.0 18.5 8.6 
Leporinus affinis Native NEW Hu_benpel no omnivore 25.0 15.7 6.2 
Leporinus desmotes  Native NEW Hu_benpel yes omnivore 18.0 11.8 4.5 
Leporinus gr. friderici  Native NEW Hu_benpel no omnivore 40.0 26.7 11.4 
Leporinus maculatus Native NEP Hu_benpel yes omnivore 18.0 11.8 4.9 
Leporinus pachycheilus Native NEW Hu_benpel yes omnivore 15.7 10.4 4.8 
Leporinus sp1A Native NEW Hu_benpel yes omnivore 23.3 15.3 6.4 
Leporinus sp1B Native NEW Hu_benpel yes omnivore 23.3 15.3 6.4 
Leporinus sp2 Native NEW Hu_benpel yes omnivore 23.3 15.3 6.4 
Leporinus sp3 Native NEW Hu_benpel yes omnivore 23.3 15.3 6.4 
Leporinus sp7 Native NEW Hu_benpel yes omnivore 23.3 15.3 6.4 
Leporinus taeniatus Native NEW Hu_benpel yes omnivore 15.1 10.1 4.6 
Leporinus tigrinus  Native NEW Hu_benpel yes omnivore 30.0 18.5 5.6 
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Leporinus trifasciatus  Native NEW Hu_benpel yes omnivore 23.8 15.0 7.1 
Leptodoras praelongus Native NEW Hu_benthic no omnivore 18.5 12.0 4.7 
Limatulichthys griseus Native NEP Hu_benthic no invertrivore 18.0 11.8 5.5 
Loricaria cataphracta Native NEP Hu_benthic no omnivore 29.5 18.2 8.0 
Loricaria sp. Native NEP Hu_benthic no omnivore 29.5 18.2 8.0 
Loricariichthys nudirostris Native NEP Hu_benthic no detritivore 20.0 12.9 8.0 
Loricariichthys sp. Native NEP Hu_benthic no detritivore 20.0 12.9 8.0 
Loricariichthys spA Native NEP Hu_benthic no detritivore 20.0 12.9 8.0 
Lycengraulis batesii Native NEW Hu_pelagic yes piscivore 30.0 15.6 6.7 
Megalechis thoracata Native NEP Hu_benthic no omnivore 12.4 8.5 2.3 
Megalodoras uranoscopus  Native LME Hu_benthic yes omnivore 53.0 30.6 14.3 
Megalonema  cf. platycephalum  Native NEW Hu_benthic no piscivore 30.0 18.5 5.3 
Metynnis hypsauchen  Native NEW Hu_pelagic yes herbivore 15.0 10.0 1.9 
Metynnis lippincottianus Native NEW Hu_pelagic yes herbivore 13.0 8.8 1.7 
Metynnis sp.  Native NEW Hu_pelagic yes herbivore 14.0 9.4 1.8 
Moenkhausia ceros Native NEW Hu_benpel no invertrivore 5.0 3.8 1.5 
Moenkhausia cf coletti Native NEW Hu_benpel no invertrivore 5.0 3.8 1.5 
Moenkhausia gr. dichroura  Native NEW Hu_benpel no invertrivore 10.0 5.5 3.2 
Moenkhausia jamesi Native NEW Hu_benpel no invertrivore 6.8 5.0 1.6 
Moenkhausia lepidura Native NEW Hu_benpel yes invertrivore 9.0 5.6 1.7 
Moenkhausia loweae  Native NEW Hu_benpel yes invertrivore 5.3 3.3 1.5 
Moenkhausia spA Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
Moenkhausia spB Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
Moenkhausia spC Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
Moenkhausia spD Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
Moenkhausia spE Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
Moenkhausia spH Native NEW Hu_benpel yes invertrivore 6.9 4.5 2.2 
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Moenkhausia tergimacula  Native NEW Hu_benpel yes invertrivore 5.2 3.9 1.5 
Mylesinus paucisquamatus  Native NEW Hu_benpel yes herbivore 22.0 14.1 3.3 
Myleus cf. torquatus  Native LME Hu_benpel yes herbivore 22.0 14.1 3.3 
Myleus setiger  Native NEW Hu_benpel yes herbivore 27.0 16.9 4.1 
Myleus spA Native NEW Hu_benpel yes herbivore 22.0 14.1 3.3 
Myleus spB Native NEW Hu_benpel yes herbivore 22.0 14.1 3.3 
Myleus spC Native NEW Hu_benpel yes herbivore 22.0 14.1 3.3 
Myleus spD Native NEW Hu_benpel yes herbivore 22.0 14.1 3.3 
Myloplus asterias Native NEW Hu_benpel yes herbivore 25.0 15.7 3.2 
Mylossoma duriventre  Native LME Hu_benpel yes herbivore 25.0 15.7 3.8 
Nemadoras cf. leporhinus  Native NEW Hu_benthic no invertrivore 8.1 5.8 2.2 
Oxydoras niger Native LME Hu_benthic no omnivore 100.0 53.5 22.1 
Pachypops fourcroi Native NEW Hu_benpel no invertrivore 25.0 15.7 4.2 
Pachyurus junki  Native LME Hu_pelagic no invertrivore 29.3 18.1 5.8 
Pachyurus paucirastrus  Native NEW Hu_benpel no invertrivore 14.8 9.9 3.1 
Panaque nigrolineatus  Native NEP Hu_benpel yes detritivore 43.0 25.4 10.0 
Panaque pariolispos Native NEP Hu_benpel yes detritivore 35.0 15.3 10.0 
Paratrygon aiereba Native NIF Hu_benthic no piscivore 80.0 35.0 10.0 
Peckoltia vittata Native NEP Hu_benthic yes herbivore 14.0 9.4 8.0 
Pellona castelnaeana  Native LME Hu_pelagic no piscivore 80.0 44.0 10.0 
Pellona flavipinnis Native LME Hu_pelagic no piscivore 70.0 40.6 12.0 
Petilipinnis grunniens  Native NEW Hu_pelagic no invertrivore 27.9 17.3 5.6 
Phenacogaster sp.  Native NEW Hu_benpel yes invertrivore 3.7 2.9 1.5 
Phractocephalus hemioliopterus  Native LME Hu_benthic no piscivore 134.0 69.4 20.6 
Piaractus brachypomus  Native LME Hu_pelagic yes herbivore 88.0 47.8 25.0 
Piaractus mesopotamicus 
Introduc
ed LME Hu_pelagic yes herbivore 40.5 24.1 4.1 
Pimelodella cristata  Native NEW Hu_benthic no invertrivore 34.0 20.7 6.2 
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Pimelodella sp. Native NEW Hu_benthic no invertrivore 34.0 20.7 6.2 
Pimelodella spA Native NEW Hu_benthic no invertrivore 34.0 20.7 6.2 
Pimelodina flavipinnis Native LME Hu_benthic yes omnivore 15.2 10.1 3.3 
Pimelodus blochii Native LME Hu_benpel no piscivore 35.0 22.7 6.1 
Pimelodus ornatus  Native LME Hu_benpel yes invertrivore 38.5 23.0 7.9 
Pimelodus spA Native LME Hu_benpel yes piscivore 26.1 17.0 5.0 
Pimelodus spD Native LME Hu_benpel yes piscivore 26.1 17.0 5.0 
Pimelodus tetramerus Native LME Hu_benpel yes piscivore 17.2 11.3 3.8 
Pinirampus pirinampu  Native LME Hu_benthic yes piscivore 120.0 62.9 19.2 
Plagioscion squamosissimus Native NEW Hu_benpel no piscivore 80.0 48.4 26.1 
Platydoras costatus Native NEW Hu_benthic no omnivore 24.0 15.2 6.0 
Porotergus sp1  Native NEW Hu_benthic yes invertrivore 59.0 33.6 10.0 
Porotergus sp2 Native NEW Hu_benthic yes invertrivore 59.0 33.6 10.0 
Potamotrygon orbignyi Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon sp1 Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon sp2 Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon spB  Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon spC Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon spD  Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon spF Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Potamotrygon spG Native NIF Hu_benthic no invertrivore 35.0 17.0 10.0 
Pristigaster cayana Native NEP Hu_pelagic yes invertrivore 14.5 9.7 3.2 
Prochilodus nigricans  Native LME Hu_benpel no detritivore 37.0 22.3 7.3 
Psectrogaster amazonica  Native LME Hu_benpel yes detritivore 16.7 11.0 na 
Pseudacanthicus serratus  Native NEP Hu_benthic yes omnivore 32.0 19.6 8.0 
Pseudopimelodus sp. Native LME Hu_benthic yes invertrivore 40.5 24.1 na 
Pseudoplatystoma fasciatum  Native LME Hu_benthic no piscivore 104.0 55.0 8.5 
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Pseudotylosurus microps Native NEW Hu_pelagic yes piscivore 40.7 24.2 8.1 
Pterodoras granulosus Native LME Hu_benthic no herbivore 70.0 25.4 16.0 
Pygocentrus nattereri Native NEW Hu_pelagic no piscivore 50.0 29.0 4.1 
Retroculus lapidifer  Native NEP Hu_benpel yes omnivore 20.3 13.1 5.5 
Retroculus sp. Native NEP Hu_benpel yes omnivore 20.3 13.1 5.5 
Rhabdolichops eastwardi  Native NEW Hu_benpel no invertrivore 27.6 17.2 6.0 
Rhamphichthys marmoratus  Native NEW Hu_benpel no invertrivore 65.0 36.6 10.0 
Rhamphichthys rostratus Native NEW Hu_benpel no invertrivore 100.0 53.5 10.0 
Rhaphiodon vulpinus Native LME Hu_pelagic yes piscivore 80.0 44.0 na 
Rhinodoras aff. boehlkei Native LME Hu_benthic yes omnivore 13.3 9.0 3.5 
Roeboides affinis  Native NEW Hu_benpel no piscivore 11.0 7.6 1.9 
Salminus hilarii  Native LME Hu_benpel yes piscivore 50.0 29.0 9.2 
Satanoperca jurupari Native NEP Hu_benpel no omnivore 18.5 11.8 5.0 
Schizodon vittatus Native NEW Hu_benpel no omnivore 35.0 21.2 7.6 
Schultzichthys  cf. bondi  Native NEW Hu_benpel no piscivore 3.7 2.9 na 
Semaprochilodus brama Native LME Hu_benpel yes detritivore 28.0 17.4 6.8 
Serrapinus sp.  Native NEW Hu_benpel no omnivore 4.4 2.2 1.3 
Serrasalmus eigenmanni  Native NEP Hu_benpel no piscivore 18.0 11.8 2.8 
Serrasalmus elongatus Native NEP Hu_benpel no piscivore 30.0 18.5 3.7 
Serrasalmus maculatus  Native NEP Hu_benpel no piscivore 26.0 16.3 3.3 
Serrasalmus rhombeus Native NEP Hu_benpel no piscivore 41.5 24.6 6.1 
Serrasalmus spA Native NEP Hu_benpel no piscivore 32.5 17.8 4.0 
Serrasalmus spB Native NEP Hu_benpel no piscivore 32.5 17.8 4.0 
Sorubim lima  Native LME Hu_benthic yes piscivore 54.2 35.6 10.6 
Spatuloricaria sp. Native NEP Hu_benthic yes omnivore 25.0 15.7 8.0 
Squaliforma emarginata Native NEW Hu_benthic yes detritivore 40.0 23.8 10.0 
Squaliforma horrida Native NEW Hu_benthic yes detritivore 35.5 21.4 10.0 
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Steindachnerina amazonica  Native NEW Hu_benpel no detritivore 9.9 7.0 2.8 
Steindachnerina gracilis Native NEW Hu_benpel no detritivore 7.3 5.3 2.8 
Steindachnerina sp. Native NEW Hu_benpel no detritivore 8.6 6.2 2.8 
Sternarchogiton nattereri Native NEW Hu_benpel no invertrivore 25.0 15.7 10.0 
Sternopygus macrurus Native NEP Hu_benpel no invertrivore 140.5 72.3 6.0 
Sturisoma rostratum Native NEP Hu_benthic yes detritivore 19.0 12.4 8.0 
Tatia sp1  Native NIF Hu_benpel no invertrivore 12.0 8.2 5.0 
Tatia sp2  Native NIF Hu_benpel no invertrivore 12.0 8.2 5.0 
Tatia sp3 Native NIF Hu_benpel no invertrivore 12.0 8.2 5.0 
Tetragonopterus argenteus  Native NEW Hu_benthic no herbivore 11.2 7.7 1.9 
Tetragonopterus chalceus  Native NEW Hu_benthic no omnivore 12.0 8.2 1.7 
Tetragonopterus sp.  Native NEW Hu_benthic no omnivore 11.6 8.0 1.8 
Thoracocharax stellatus Native NEW Hu_pelagic yes invertrivore 6.7 4.2 6.9 
Tocantinsia piresi  Native NIF Hu_pelagic no omnivore 10.0 7.0 6.8 
Tometes sp. Native NEP Hu_pelagic yes herbivore 45.0 22.7 6.1 
Trachelyopterus galeatus Native NIF Hu_pelagic no piscivore 22.0 14.1 7.1 
Triportheus albus  Native LME Hu_benpel yes invertrivore 15.1 10.1 2.6 
Triportheus sp. Native LME Hu_benpel no invertrivore 15.8 11.0 2.7 
Triportheus trifurcatus  Native LME Hu_benpel no invertrivore 16.5 11.9 2.7 












Table 8.5 - Results from the post hoc pairwise test for multiple comparisons of mean rank sums (Nemenyi-test) for single-traits for each location between 
the three time periods analyzed: Before (b); After one year (a1) and After five years (a5). Significant p-values are indicated in bold. 
 Reproduction     
Location Time LME Time NEW Time NEP Time NIF     
Downstream 
b<a1 0.07 b=a1 0.95 b>a1 <0.001 b=a1 0.90     
b>a5 <0.001 b>a5 0.03 B=a5 0.55 b=a5 0.27     
a1>a5 <0.001 a1>a5 0.01 a1<a5 <0.001 a1=a5 0.51     
Reservoir 
b=a1 0.36 b=a1 0.95 b<a1 0.001 b=a1 0.90     
b>a5 <0.01 b<a5 0.02 b<a5 <0.001 b=a5 0.27     
a1=a5 0.21 a1<a5 0.01 a1=a5 0.83 a1=a5 0.57     
Transition 
b=a1 0.84 b=a1 0.95 b=a1 0.16 b<a1 <0.001     
b>a5 0.04 b<a5 0.03 b=a5 0.86 b<a5 <0.01     
a1>a5 0.03 a1<a5 0.01 a1=a5 0.39 a1=a5 0.84     
Upstream 
b=a1 0.67 b<a1 0.01 b>a1 0.01 b=a1 0.25     
b=a5 0.59 b=a5 0.61 b>a5 <0.001 b<a5 0.03     
a1=a5 0.99 a1=a5 0.15 a1=a5 0.24 a1=a5 0.69     
Feeding diet 
 Time detritivore Time piscivore Time invertrivore Time herbivore Time planktivore Time omnivore 
Downstream 
b>a1 <0.001 b<a1 <0.001  b>a1 0.04 b=a1 0.47 b=a1 1 b=a1 0.05 
b>a5 <0.001 b<a5 0.001 b=a5 0.85 b=a5 0.94 b=a5 1 b=a5 0.45 
a1=a5 0.22 a1=a5 0.37 a1=a5 0.75 a1=a5 0.68 a1=a5 1 a1=a5 0.47 
Reservoir 
b>a1 <0.001 b=a1 0.65 b=a1 0.05 b=a1 0.47 b=a1 0.13 b=a1 0.34 
b>a5 <0.001 b<a5 0.04 b=a5 0.31 b=a5 0.94 b=a5 0.83 b=a5 0.64 
a1=a5 0.73 a1=a5 0.304 a1=a5 0.68 a1=a5 0.68 a1=a5 0.38 a1=a5 0.86 
Transition 
b>a1 <0.001 b<a1 <0.001 b<a1 <0.001 b=a1 0.19 b=a1 1 b=a1 0.05 
b>a5 0.005 b<a5 <0.001 b=a5 0.94 b=a5 0.51 b=a5 0.12 b=a5 0.23 
a1=a5 0.08 a1=a5 0.99 a1>a5 0.002 a1=a5 0.89 a1=a5 0.36 a1=a5 0.62 
Upstream 
b>a1 0.02 b=a1 0.37 b=a1 0.22 b=a1 0.28 b=a1 0.12 b=a1 0.99 
b>a5 <0.001 b=a5 0.33 b=a5 0.06 b=a5 0.05 b=a5 0.96 b<a5 0.005 
a1=a5 0.12 a1=a5 1 a1=a5 0.83 a1=a5 0.05 a1=a5 0.210 a1<a5 0.032 
                                                                                   Habitat use 
 Time benthic Time pelagic Time benthopelagic       
Downstream 
b=a1 0.18 b=a1 0.75 b=a1 0.05       
b>a5 <0.001 b=a5 0.35 b=a5 0.07       
a1=a5 0.05 a1=a5 0.09 a1=a5 0.98       
Reservoir 
b>a1 <0.001 b=a1 0.29 b<a1 <0.001       
b>a5 0.004 b>a5 0.03 b<a5 0.003       
a1>a5 <0.001 a1=a5 0.55 a1=a5 0.84       
Transition 
b>a1 <0.001 b<a1 <0.001 b=a1 0.09       
b>a5 0.01 b<a5 <0.001 b=a5 0.39       




b>a1 0.01 b<a1 0.006 b=a1 0.99       
b>a5 <0.001 b<a5 <0.001 b=a5 0.56       
a1=a5 0.17 a1=a5 0.75 a1=a5 0.50    
Preference for Lotic current Life History 
 Time no Time yes Time MAXBL Time Lifespan   
Downstream 
b=a1 0.20 b>a1 <0.001 b=a1 0.66 b=a1 0.99   
b=a5 0.90 b>a5 0.04 b=a5 0.32 b=a5 0.27   
a1=a5 0.42 a1=a5 0.31 a1=a5 083 a1=a5 0.31   
Reservoir 
b=a1 0.20 b>a1 <0.001 b>a1 0.001 b=a1 0.41   
b=a5 0.90 b>a5 0.03 b=a5 0.56 b=a5 0.90   
a1=a5 0.42 a1=a5 0.31 a1=a5 0.05 a1=a5 0.20   
Transition 
b=a1 0.29 b=a1 0.36 b=a1 0.32 b=a1 0.84   
b=a5 0.88 b=a5 0.09 b=a5 0.07 b=a5 0.08   
a1=a5 0.56 a1=a5 0.75 a1=a5 0.73 a1=a5 0.45   
Upstream 
b=a1 0.29 b=a1 0.91 b=a1 0.99 b=a1 0.06   
b<a5 0.02 b=a5 0.21 b=a5 0.75 b=a5 0.24   




8.4 Appendix IV 
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native at risk 
Potamodro
mous 























































No cool water invertivore 19.6 4 9 yes yes 4.947 0.459 medium 









































benthic generalist benthic generalist Speleophils spring 
Nest-
spawners 
Yes cold water invertivore 13.5 2 6 no yes 7.571 0.456 low 
Couesius 
plumbeus 









































































No cool water invertivore 12.6 2 5 yes yes 4.837 0.333 medium 
Semotilus 
margarita 



































benthopel generalist generalist lentic Ariadnophils spring 
Nest-
spawners 















invertivore 31.3 5 8 yes no 6.068 0.5 medium 









No cool water piscivore 100 3 13 yes no 4.17 0.367 low 



































































Feeding diet  
















































































No cold water invertivore 87 3 18 no yes 5.611 0.368 medium 
Salvelinus 
confluentus 
Bull trout native at risk 
Potamodro
mous 






No cold water piscivore 86 5 19 no no 5.854 0.309 medium 
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Table 8.7 - Results from the Kruskal-Wallis test and post-hoc pairwise test for multiple comparisons 
of mean rank sums (Nemenyi-test) for Species richness (S) and Shannon entropy (H’) between time 
periods (before, < 5yrs, > 5yrs) in respective locations (Downstream – D1 and D2, Reservoir - R, and 
Upstream - U). Significant p-values are indicated in bold. 
 Species richness (S) Shannon entropy (H´) 
Location Kruskal-Wallis time Nemenyi test Kruskal-Wallis time Nemenyi test 
D1 
H = 8.57 before vs. < 5yrs 0.15 H = 7.42 
before vs. < 
5yrs 
0.22 
p-value = 0.014 before vs. > 5yrs 0.84 p-value =  0.02 
before vs. > 
5yrs 
0.91 
 < 5yrs vs. > 5yrs 0.07  




H = 4.46 before vs. < 5yrs 0.48 H = 4.04 
before vs. < 
5yrs 
0.64 
p-value = 0.11 before vs. > 5yrs 0.22 p-value = 0.13 
before vs. > 
5yrs 
0.31 
 < 5yrs vs. > 5yrs 0.26  




H = 0.56 before vs. < 5yrs 0.87 H = 0.60 
before vs. < 
5yrs 
0.98 
p-value = 0.76 before vs. > 5yrs 0.89 p-value = 0.74 
before vs. > 
5yrs 
0.85 
 < 5yrs vs. > 5yrs 0.71  




H = 3.27 - - H = 2.65 - - 
p-value = 0.07 - - p-value = 0.10 - - 
  
Table 8.8 - Results from the multinomial regression model with all selected species traits categories and their coefficient values for each location 
(Downstream – D1 and D2, Reservoir, and Upstream). 
A -  Downstream D1 
 
(Intecept) + flow (-0.01, -0.031)+ oring_native (-2.721, -5.201) + cv_at_risk (0.541, -0.29) + mig_potomad (-0.37, -2.83) +    hab_pelagic   (5.55,  1.18) +  hab_benthic (1.170, -
7.25) +  flow_lentic (-1.83, -0.002) +   feed benthic (4.85,  -1.73) + feed_pelagic (0.54,  -0.29),  feed_gener (-6.79,  -1.98), spaw_lentic (  -6.28,    -3.16),  spaw_lotic (0.60, 1.78),  
rep_spel (5.98, 1.05),   rep_litho_rg (-6.65, -3.10), rep_litho_gs  (7.38, 1.18), rep_psam (-1.83, -0.002),  rep_ariad (-6.28, -3.16), repT_spring (2.13,  -2.554334),  nest_spaw 
(1.56,  -1.22),   pc_yes (-0.29, -1.22),  themal_cold (9.45, 7.04),   repT_spring (2.13,-2.55),  nest_spaw (1.56, -1.22), pc_yes (-0.29, -2.10), themal_cold (9.45, 7.04),  feed_invert 
(4.56,  -5.66), feed_psiciv (-1.28,  -0.29), feed_onmiv (-4.67,  1.94) 
 
B - Downstream D2 
 
(Intercept) + flow (0.17, 0.36), orign_native (-3.79, 10.52), mig_potomad (1.68, -14.716), hab_pelagic (-0.002, -43.88), hab_benthic (18.90, 4.90), flow_lentic (20.53,  19.38),  feed 
benthic (5.14, 11.13),   feed_pelagic (-3.61, -6.13),   feed_gener (-2.11, -3.19) +    spaw_lentic (-3.35, 12.25) + spaw_lotic  (-20.97, -41.66), rep_spel (-9.18, -2.01) +  rep_litho_rg 
(19.91, 46.21) + rep_litho_gs (-3.17, -0.70), rep_litho_pela  (-19.549, 3.91),  rep_psam  (28.04, -30.06) +  rep_ariad (21.99, -0.69) + rep_phyto (-33.34,  -12.92), repT_spring (-
10.81, -10.81) + repT_summer (-14.59,  1.10) + repT_autumn (-.02, 12.35) +  nest_spaw (14.18, 32.37) + pc_yes (4.79, -16.23) + themal_cold (5.54, 2.18) + thermal_warm (16.94, 
40.26), feed_invert (-4.38, -10.39), feed_psiciv  (-13.86, 23.12) +   feed_onmiv (22.95,  -8.99),  MAXBL (0.062, -0.05)  fc_no (10.99, -21.08), adEggs_yes (21.66, -21.17),  
shape_factor (-4.52, -2.18),  swim_factor (-7.69,  -0.259846),  swim_factor (-7.69, -0.25),    tol_low (-15.95, -3.07)    
                                        
C - Reservoir 
 
(Intercept) + orign_native (-1.68, 0.59) + cv_at_risk (1.40, 3.08) + mig_potomad (-3.51, -1.99)+ hab_pelagic (-2.03, 1.85)+ hab_benthic (6.99, 7.74)+ flow_lentic (-2.03, 1.85)+ 
feed_benthic (2.96, 6.33)+ feed_pelagic (-4.12, -11.30)+ feed_gener (-4.20, 4.83)+ spaw_lotic (-16.52, 8.77)+ rep_litho_rg (-5.36, 0.05)+ rep_psam (-2.03, 1.85)+ repT_spring (-
5.36, 0.05)+ repT_summer (-4.10, -0.32)+ nest_spaw (-8.32, -6.28)+ themal_cold (-12.36, -7.69)+ thermal_warm + feed_invert (-4.40, 0.05)+ feed_psiciv (-0.63, 4.93)+ 
feed_onmiv (-4.04, -1.41)+ MAXBL (0.37, 0.46) 
 
D - Upstream 
 
(Intercept) + flow (-0.58) + origin_native (-2.79) + cv_at_risk (-0.08) + mig_potomad (-4.25) + hab_pelagic (-1.81) + hab_benthic (-1.83) + flow_lentic (-1.09) + feed_benthic (0.11) 
+ feed_pelagic (0.18) + feed_gener (-1.52) + spaw_lotic (-0.56) + rep_spel (2.32) + rep_litho_rg (-1.75) + rep_litho_gs (-1.70) + rep_psam (-0.11) + repT_spring (-1.20) + 
repT_summer (1.63) + nest_spaw (1.09) + pc_yes (2.32) + themal_cold (4.11) + feed_invert (-5.04) + feed_psiciv (-0.19) + feed_onmiv (3.40) + MAXBL (0.23) + fc_no (-3.06) + 
adEggs_yes (0.86) + shape_factor (-1.31) + swim_factor (-0.84) + tol_low (-2.05) 
 
 
 
 
 
